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Abstract
Kunce, W. 2018. Sub-lethal Effects of Anthropogenic Contaminants on Aquatic Invertebrates.
Digital Comprehensive Summaries of Uppsala Dissertations from the Faculty of Science and
Technology 1692. 70 pp. Uppsala: Acta Universitatis Upsaliensis. ISBN 978-91-513-0382-6.
Anthropogenic contaminants are considered to play a substantial role in the decline of freshwater
invertebrate diversity. Sub-lethal effects of many of these contaminants on behaviour and lifehistory traits of aquatic invertebrates may contribute to their decline. As contaminants are
rarely present in the environment alone, the effects of mixture exposures are highly relevant in
assessing the risk these substances pose to the biota. This thesis focuses on sub-lethal effects
of exposure to aquatic pollutants, separately and in combination, on fresh-water invertebrates.
To investigate the single and combined effects of pesticides, larvae of the midge, Chironomus
riparius were exposed to a 1 hour pulse of two neonicotinoids and two pyrethroids. This short
exposure to environmentally relevant concentrations of pesticides decreased the survival and
delayed development in C. riparius. The combination of neonicotinoids and pyrethroids did not
produce synergistic effects; however, there was some indication of antagonism. Additionally,
larvae of the damselfly, Coenagrion puella, were exposed for 14 hours to two environmentally
relevant concentrations of pyrethroid pesticides, alone and in combination. Exposure to the
pyrethroid, deltamethrin, reduced the larvae’s predatory ability. Combined exposure to both
deltamethrin and esfenvalerate inhibited the Glutathione S-transferase detoxification pathway
and may have additive toxic effects on the larvae’s predatory ability. Microplastics are
increasingly gaining attention as an aquatic pollutant of major concern with respect to the
toxicity of the microplastics themselves as well as their capacity to adsorb persistent organic
pollutants like pesticides. To investigate the effects of microplastics and a pyrethroid, alone and
in combination, C. riparius larvae were raised in sediment spiked with two sizes of polystyrenebased latex microbeads and an environmentally relevant concentration of esfenvalerate under
normal and food-restricted conditions. Exposure to both sizes of microplastics and esfenvalerate
lead to equally decreased emergence under food-restricted conditions. Additionally, exposure
to esfenvalerate led to decreases in survival when food was scarce that did not occur when
microplastics were co-present. Antishistamines are also an emerging aquatic contaminant of
concern with very little known about their biological effects on aquatic wildlife. Antihistamines
could potentially interfere with the histaminergic pathways and thus affect thermal tolerance and
temperature preference in aquatic invertebrates. The freshwater snail, Planorbarius corneus,
was exposed for 24 hours to the antihistamine, diphenhydramine. This exposure increased
thermal tolerance and righting time, but did not affect temperature preference. The results of
the investigation suggest that anthropogenic contaminates alone and/or in combination have
sub-lethal effects on life history, behavior and physiology of aquatic invertebrates. Such sublethal effects have the potential to affect populations and community structure in the aquatic
and terrestrial environment.
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Introduction

Why should we tolerate a diet of weak poisons, a home in insipid surroundings, a circle of acquaintances who are not quite our enemies, the noise of
motors with just enough relief to prevent insanity? Who would want to live in
a world which is just not quite fatal?
― Rachel Carson, Silent Spring

The quality of the world’s freshwaters is deteriorating and they are losing
biodiversity at an alarming rate (UNEP, 2016). Extinction rates of freshwater
animals in well-studied ecosystems are estimated at 4% per decade
(Ricciardi and Rasmussen, 1999). All of the driving forces behind this disturbing trend are linked to human activities (Vaughn, 2010). The release of
anthropogenic contaminants in freshwaters is one of these forces (Dudgeon
et al., 2006). Water quality legislation now controls the inputs of some contaminants in parts of the world (Clean Water Act, 1972; European
Commission, 2000). However, continued scientific efforts are required to
identify and assess the risks of emerging pollutants as well as scrutinize established benchmarks for previously evaluated substances.
Restrictions on the first wave of mass-produced pesticides led to the development of newer generations of unregulated pesticides with greater nonmammalian specificity (Ensley, 2007a, 2007b). Contaminants such as plastic
that were once considered inert are now under suspicion (Rochman et al.,
2013). Advances in modern pharmaceuticals pose new challenges as these
compounds are designed specifically to interact with physiological systems
at very low concentrations (Deo and Halden, 2013). Rain, modern plumbing,
dust and dumping all shepherd these advances of human civilization to the
lakes and rivers were they come into contact with wildlife (Deo and Halden,
2013; Schulz, 2004; Wagner et al., 2014). Advances in waste water treatment technology are able to remove some, but far from all contaminants and
implementation of such facilities around the world is still patchy and highly
dependent on local economies and infrastructures (Bartelt-Hunt et al., 2009;
Kay et al., 2018; Population Council, 2005; Weston et al., 2013). Consequently, waste water effluent is still a direct route of many anthropogenic
contaminants into aquatic ecosystems. The now common practices of using
biosolids from waste water treatment facilities as fertilizer and reclaimed
water for irrigation deliver complex mixtures of sequestered pesticides,
11

pharmaceuticals, microplastics and other anthropogenic compounds to agricultural land where, along with pesticides that are applied directly to crops,
they are susceptible to transport to aquatic ecosystems via wind and rain runoff (Topp et al., 2012; Walters et al., 2010; Weithmann et al., 2018; Weston
et al., 2013). This thesis investigates adverse effects of four such contaminants commonly detected in waste water effluent, biosolids and freshwater
bodies: two neonicotinoid and two pyrethroid pesticides, polystyrene microplastics, and an antihistamine, on non-target aquatic invertebrates.

Pyrethroids and Neonicotinoids
Two studies in this thesis contribute new knowledge on the biological effects
of pesticide mixtures, knowledge that is important for improving the risk
assessment of these chemicals. Pesticides are major contributors to the deterioration of aquatic biodiversity in freshwater ecosystems (Liess et al.,
1999). An assessment of European monitoring sites found that 87% of the
chemical contaminants that exceeded the acute risk threshold for invertebrates were pesticides (Malaj et al., 2014). Pyrethroids and neonicotinoids
are two classes of systemic pesticides that are known to be toxic to nontarget aquatic organisms (Palmquist et al., 2012; Tennekes, 2010) and yet
still occur regularly in surface waters above regulatory limits (Graaf et al.,
2010). Adverse effects of exposure reported include loss of coordination and
paralysis (Nyman et al., 2013; Samsøe-Petersen et al., 2001), feeding inhibition (Anderson, 1982; Nyman et al., 2013; Reynaldi et al., 2006), reduced
growth (Amweg et al., 2006), altered emergence patterns (Beketov, 2004;
Schulz and Liess, 2001), reduced fecundity (Beketov and Liess, 2005;
Forbes and Cold, 2005; Palmquist et al., 2008; Reynaldi and Liess, 2005)
and acute mortality (Kreutzweiser et al., 2008; Osterberg et al., 2012).
Pyrethroids, such as deltamethrin and esfenvalerate investigated in this
thesis, are neurotoxins that work by disrupting the votage-gated sodium
channels of nerves which causes convulsions and paralysis (Soderlund,
2012). They were developed with greater selective toxicity to insects and
other invertebrates as replacements for the organochlorine and organophosphate pesticides of the mid 20th century, which were also highly toxic to
mammals, notably the farmers that used them (Maund et al., 2012). Even
though they are still in wide-use today, growing resistance of target pests to
pyrethroids, led to the development of the neonicotinoids (Field et al., 2017).
Similar to pyrethroids, neonicotinoids are also broad-spectrum neurotoxic
insecticides with low toxicity to mammals. However the mechanism of action is different. Neonicotinoids, such as imidacloprid and thiacloprid investigated in this thesis, interfere with the nicotinic acetylcholine receptors in
the postsynaptic neurons (Jeschke et al., 2010; Tomizawa and Casida, 2005).
Neonicotinoids were approved for use in the European Union in 2005 (Euro12

pean Commission, 2018a). However, use of imidacloprid has recently been
restricted due to evidence of its toxicity to bees and thiacloprid has recently
received a higher risk label based on its endocrine disrupting properties (European Commission, 2018a)

Microplastics
Microplastics are an emerging contaminant of concern and data assessing
their biological effects on aquatic organisms and interactions with other contaminants is scarce. This thesis aims to contribute new knowledge on the
biological effects of chronic exposure to microplastics, alone and in combination with a pesticide. Microplastics include plastic particles that are smaller than 5 mm and come from manufacturing industries (both intentional
products and byproducts) and the degradation of larger plastic products like
water bottles, fishing equipment and synthetic clothing (Horton et al., 2017).
Microplastics enter the aquatic environment directly via municipal and industrial effluents (Blair et al., 2017; Horton et al., 2017), and atmospheric
fallout (Dris et al., 2016) as well as indirectly by application of biosolids in
agriculture (Mintenig et al., 2017; Weithmann et al., 2018). The estimated
annual environmental load of microplastics in the European Union is between 75000 and 300000 tonnes (European Commission, 2018b). Concentrations of microplastics in freshwater sediments have been recorded in lake
sediments as high as 2346 particles/kg (Su et al., 2016). The true concentrations might be higher since the methodologies used to count microplastics
have been criticized as likely to be underestimations (Dris et al., 2015;
Syberg et al., 2015). Microplastics are considered a persistent and accumulating pollutant since the rate of release is greater than the rate of degradation
(Barnes et al., 2009).
Laboratory studies have shown that many different kinds of aquatic invertebrates with various different feeding mechanisms will ingest microplastics
and field studies have documented microplastic ingestion in freshwater and
marine environments (Boerger et al., 2010; Browne et al., 2008; Eriksson
and Burton, 2003; Graham and Thompson, 2009; Lusher et al., 2013; Murray and Cowie, 2011; Scherer et al., 2017; Setälä et al., 2014; Thompson et
al., 2004). Known ecotoxicological effects of microplastic ingestion include
altered feeding capacity (Besseling et al., 2013; Browne et al., 2013; Cole et
al., 2015), induced immobilization (Rehse et al., 2016), reduced weight
(Besseling et al., 2013), decreased reproductive fitness (Cole et al., 2015;
Sussarellu et al., 2016), inhibited acetylcholinesterase activity (Oliveira et
al., 2013) and disruption of lysosomal membrane integrity (von Moos et al.,
2012).
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Antihistamines
Pharmaceuticals are biologically active chemicals developed for high effectiveness at low concentrations, not only for humans, but also livestock and
pets. Many drug targets are conserved across phyla including aquatic wildlife species (Gunnarson et al., 2008). Antihistamines are a class of pharmaceuticals recently identified as a risk to aquatic organisms (Kosonen and
Kronberg, 2009; Kristofco and Brooks, 2017). Antihistamines, developed to
reduce the symptoms of allergic reaction in mammals, target histamine receptors and are some of the most widely used medications in the world
(Galeotti et al., 1999; Simons and Simons, 2011). Histamines are highly
conserved neurotransmitters found in the nervous tissues, gut, skin and immune tissues of invertebrates where they are known to play a role in a wide
variety of biological processes such as circadian and feeding rhythms, learning, and memory (Carpenter and Gaubatz, 1975; Green, 2008; Osborne and
Patel, 1984). Few studies have been conducted thus far that investigate the
ecotoxicological effects of antihistamines, but the available data indicates
that some invertebrates are equally or more sensitive than vertebrates to antihistamines (Kristofco and Brooks, 2017). Known adverse effects of exposure in aquatic vertebrates and invertebrates include inhibited growth (Hoppe
et al., 2012), inhibited feeding (Berninger et al., 2011), reduced reproductive
output (Berninger et al., 2011; Meinertz et al., 2010) and increased boldness
(Jonsson et al., 2014). Histaminergic pathways are also known to modulate
temperature preference and thermal tolerance in Drosophila and antihistamine exposure was shown to interfere with these functions (Hong et al.,
2006). Antihistamine-induced changes in temperature preference, thermal
tolerance and other physiological processes could have adverse effects on
aquatic ectotherms, particularly as they face increased climatic variability
(Katzenberger et al., 2014; Piasečná et al., 2015).
Antihistamines have previously been used as a tool in the exploration of
histaminergic pathways in molluscs (Matsuo et al., 2016), but this thesis
includes the first study to investigate the ecotoxicity of antihistamine exposure in a mollusc. The antihistamine tested, diphenhydramine, was one of the
first antihistamines developed and is still the active ingredient in widely sold
allergy tablets (DrugBank, 2017; Statista, 2017 ). It has been recorded at
concentrations as high as 1.4-50 μg/L downstream from waste water treatment facilities (Bartelt-Hunt et al., 2009; Ferrer et al., 2004) and is highly
persistent in sediments with no observed degradation after 3 years (Walters
et al., 2010).
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Mixtures
Risk assessment of “no effect” concentrations must also take into consideration the reality of freshwaters as “chemical cocktails” in which animals are
not exposed to one contaminant at a time, but complex mixtures
(Kortenkamp, 2007; Relyea, 2009). Growing resistance to pesticides has led
to the practice of applying mixtures for maximum crop protection and this
practice is reflected in the pesticide patterns found in aquatic environments
(Ahmad, 2007; Ansara-Ross et al., 2012; Gilliom, 2007). Monitoring studies
of pesticide loads in freshwaters report that suites of different pesticides are
present and several are present in concentrations over the permitted benchmark values (Ansara-Ross et al., 2012; Gilliom, 2007; Graaf et al., 2010;
Kreuger, 1998). Studies on pharmaceutical loading in freshwaters also detect
the presence of multiple co-occuring substances (Rosi-marshall and Royer,
2012). Additionally, microplastics in the environment have been shown to
adsorb multiple difference chemical contaminants up to 1 million times the
concentrations found in the water (Teuten et al., 2009). The ingestion of
microplastics is therefore, highly likely to co-occur with the ingestion of
adsorbed substances, particularly in sediments where both microplastics and
chemical substances accumulate.
Interactions of multiple present xenobiotics within an organism can affect
the uptake, availability, metabolism and elimination of these substances
(Coors and Frische, 2011; Lydy et al., 2004). Interactions can result in additive, antagonistic or synergistic effects where the impact on the organism is
quite different from single exposure effects (Anderson and Zhu, 2004;
Cedergreen, 2014; Kepner, 2004; Orton et al., 2012). Ingestion of microplastics may increase chemical exposure by desorption of contaminants in the
gut and even potentiate chemical toxicity, however current data is scarce and
inconclusive (Browne et al., 2013; Kleinteich et al., 2018; Oliveira et al.,
2013). Interestingly, there is some evidence to suggest that ingested microplastics can behave as cleaning agents, adsorbing chemicals found in the gut
and thereby reducing the chemicals’ bioavailability (Koelmans et al., 2013).
Additional data on combination effects of common pollutants for improved
risk assessment is in demand by regulatory authorities (European Commission, 2012)

Sub-lethal Effects
For centuries, humans trusted that the solution to pollution was dilution.
However, with a population of 7.6 billion and rising at some point there will
not be enough freshwater to adequately dilute all that we put in it and some
suggest that point has already arrived (Johnson et al., 2001; Population
Council, 2005). Both pesticides and pharmaceuticals are specifically de15

signed for high physiological impact at very low concentrations and effects
on non-target organisms have been observed at concentrations far below
those measured in the environment (Caldwell et al., 2008). For dilution to
be considered a solution there must be a concentration cut-off for a contaminant at which no adverse effects of exposure occur. Traditional ecotoxicological risk assessment is based on mortality data; the lethal concentrations
of a substance for select model species. However, even in the absence of
direct mortality, lower concentrations of contaminants can have effects that
are ecologically relevant (Fleeger et al., 2003; Relyea and Hoverman, 2006).
Exposure to sublethal concentrations of contaminants have been shown to
adversely impact non-target organisms through changes in mobility (Baatrup
and Bayley, 1993; Fong et al., 2017), foraging behaviors (Ingram et al.,
2015), predator-prey interactions (Bisesi et al., 2016; Janssens and Stoks,
2012; Trekels et al., 2011), life-history traits (Goedkoop et al., 2010;
Janssens and Stoks, 2013), fecundity (Cole et al., 2015; Toumi et al., 2013),
and other physiological functions (Froese et al., 2009; Hyne and Maher,
2003). Therefore, in order to determine if a contaminant is being sufficiently
diluted in a freshwater environment (i.e. the measured concentration induces
no adverse effects) it is important to investigate sublethal effects of exposure.
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Objectives

This thesis investigates three types of anthropogenic contaminants ubiquitous in freshwater ecosystems: pesticides, microplastics and pharmaceuticals. The four papers included in this thesis test the hypothesis that these
substances can affect the behavior and life-history traits of aquatic invertebrates and consequently the biodiversity of freshwater ecosystems.
Papers I and II investigate the effects of environmentally relevant concentrations of pesticides, alone and in combination. First, paper I focuses on the
effects of a brief pulse exposure to two neonicotinoids and two pyrethroids on
the life-history traits of the freshwater midge, Chironomus riparius. Then paper II explores acute exposure effects of two pyrethroids on predatory behavior and sub-organismal biomarkers of the damselfly, Coenagrion puella.
Paper III investigates the effects of latex-based polystyrene microspheres
alone and in combination with esfenvalerate, one of the pyrethroid insecticides investigated in papers I and II. This is a spiked-sediment exposure that
tracks the life-history traits of C. riparius which spends its larval stage in the
benthos.
Paper IV aims to initiate more focus on the potential for antihistamines to
interfere with the thermoregulatory physiology and behavior of aquatic invertebrates. The freshwater snail, Planorbarius corneus, was exposed to
high concentrations of the antihistamine, diphenhydramine, and then evaluated for effects on thermal tolerance, temperature preference and righting
behavior.
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Methods

Animals
Chironomous riparius is a common, non-pestilent midge species approved
by the Organization for Economic Cooperation and Development (OECD)
for sediment and water toxicity assessments. The short-life cycle and benthic
larval stage of the midge make it a good model organism for investigating
effects of aquatic contaminants on life-history traits. An in-house culture of
> 10 generations provided the C. riparius larvae used in papers I and III.
Coenegrion puella is a common, non-pestilent damselfly species that occurs in the agricultural landscapes of Europe. Even though damselflies are
not a typical model organism, they have been used in some ecotoxicological
assessments (Campero et al., 2007; Chang et al., 2009, 2007; Hardersen and
Wratten, 1996). The aquatic larval stage is vulnerable to pesticide exposure
and its predatory behaviors are easily observed in the laboratory. The C.
puella larvae used in paper II were hatched from eggs oviposted in the laboratory by wild females caught in tandem pairs at two ponds in Uppsala, Sweden. The larvae were 5-weeks-old at the time of the study and the head width
(distance between the eyes) ranged from 0.74-2.01 mm (mean with SE: 1.12
± 0.02 mm).
Planobarius corneus is an air-breathing freshwater snail common across
Europe. Various gastropod species have been previously used in ecotoxicological assessments including P. corneus (Cacciatore et al., 2013; Hellou et
al., 2009; Khalil, 2015). Aquatic snails are appropriate for evaluating thermal tolerance and temperature preference in aquatic ecotherms due to proven
methodologies developed for non-toxicological studies (Gerald, 2005; Johansson, 2015). An in-house culture of > 3 generations provided the P.
corneus egg clutches that were subsequently hatched and reared for use in
the experiments in paper IV. Reproductively mature snails were used in the
experiments with a shell height of approx. 9 mm and a weight of approx. 300
mg.

Experiments
The purpose of paper I was to investigate the effects of two pyrethroid and
two neonicotinoid pesticides alone and in combination on the life-history
18

traits of a benthic invertebrate. First-instar larvae of C. riparius were exposed to a 1 h pulse of sub-lethal, environmentally relevant concentrations of
deltamethrin, esfenvalerate, imidacloprid and thiacloprid, singularly, in pairs
(deltamethrin + esfenvalerate, imidacloprid + thiacloprid) and all together.
Reconstituted soft water (RSW) comprised of NaHCO3 (48 mg/L),
CaSO4·2H2O (30 mg/L), MgSO4·7H2O (61.37 mg/L) and KCl (2
mg/L)(Greenberg et al., 1985) was used in all experimental vessels during
and after the 1 h pulse exposure and then vessels were topped up with deionized water over the course of the experiment. A 1 h pulse was selected to
simulate the first hour of a rain event when pesticide concentrations from
run-off and storm water are at a maximum (Brady et al., 2006). The larvae
were reared for 28 days and then assessed for survival, development time,
and emergence. Thereafter, adults were collected in swarm cages according
to treatment for mating, and fecundity was assessed in terms of the number
of eggs per egg rope produced.
The aim of paper II was to investigate the acute exposure effects of two
pyrethroid pesticides, alone and in combination, on the predatory behavior
and sub-organismal biomarkers of a damselfly. Five-week-old larvae of C.
puella were exposed for 14 h to sub-lethal, environmentally relevant concentrations of deltamethrin and esfenvalerate, singularly and in combination.
The pesticides were dissolved in acetone and acetone concentrations were
adjusted uniformly across treatments, including the controls. The larvae recovered for 2 h in clean water, then individually observed for 10 minutes
while fed artemia prey and scored for hunting behaviors and general activity
(see table 1). The exposure, recovery and behavioral assays were conducted
in RSW. After the assays, the larvae were frozen at -80° C for later analysis
of molecular markers of toxicity: glutathione-S-transferase (GST), oxidative
damage (MDA) and electron transport system (ETS). Additional larvae were
also exposed and frozen for these analyses without undergoing behavioral
assays.
The objective of paper III was to investigate the effects of a chronic sediment exposure to microplastics alone and combination with a pyrethroid
pesticide, on the life-history traits of a benthic invertebrate. First-instar larvae of C. riparius were reared in sediment spiked with 1.0 µm or 10.0 µm
latex-based polystyrene microbeads, a sub-lethal environmentally relevant
concentration of esfenvalerate and a combination of the 1.0 µm microbeads
and esfenvalerate. The overlying water in the experimental vessels was
dechlorinated, aerated tap water. The experiment was conducted twice due to
an error in the amount of spinach added to the artificial sediment resulting in
low nutrient conditions during the first trial. The results of the first trial provide additional insight into the effects of exposure under stressful conditions
that may occur in nature. The low nutrient trial is referred to as “Experiment
19

A” and the normal conditions trial is referred to as “Experiment B.” The
larvae were assessed for survival after 10 days and then again after 34 days
for Experiment A and 28 days for Experiment B. The life-history traits assessed were emergence, development time and sex ratio of emerged adults.
The aim of paper IV was to explore the potential for antihistamines to have
toxic effects on the thermoregulatory physiology and behavior of aquatic
invertebrates. Three experiments were conducted exposing mature P.
corneus for 24 h to the antihistamine, diphenhydramine and then carrying
out post-exposure assessments (see Table 1). The first experiment determined thermal tolerance by observing each snail’s attachment to a glass surface as the temperature of the water was increased 1 ° C every 30 minutes.
The second experiment evaluated temperature preference of each snail in an
aluminum channel with a temperature gradient of 8 - 33 ° C over a period of
24 h. Finally the third experiment observed the time it took for each snail to
right itself after placement on its right side. A pilot-study using dechlorinated, aerated tap water during the exposure period resulted in >90% postexposure immobility in all treatments that did not occur when culture water
was used, therefore the diphenhydramine exposures for all three experiments
were conducted with solutions prepared by step-wise dilution using water
from the culture. However, the three assays themselves were conducted in
dechlorinated, aerated tap water with no observed adverse effects
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Table 1. Overview of the exposure scenarios in papers I-IV.
Paper Organism

Assessment

No. of
Exposure experiments Treatment

survival
emergence of adults
development time
eggs per egg rope

I

C.
riparius
larvae

Contaminants

Nominal Concentrations

Control
Deltamethrin
Esfenvalerate
Imidacloprid
Thiacloprid
Deltamethrin
Esfenvalerate
Imidacloprid
Thiacloprid
Deltamethrin
Esfenvalerate
Imidacloprid
Thiacloprid

0 µg / L
0.034 µg / L
0.065 µg / L
2.7 µg / L
2.3 µg / L
0.034 µg / L
0.065 µg / L
2.7 µg / L
2.3 µg / L
0.034 µg / L
0.065 µg / L
2.7 µg / L
2.3 µg / L

Control
Deltamethrin
Deltamethrin
Esfenvalerate
Esfenvalerate
Deltamethrin
Esfenvalerate

0 µg / L
0.23 µg / L
0.45 µg / L
0.23 µg / L
0.45 µg / L
0.23 µg / L
0.23 µg / L

5

Control
1.0 µm microplastics
10.0 µm microplastics
Esfenvalerate
Esfenvalerate
1.0 µm microplastics

14,219 particles/mL wet sediment
14,219 particles/mL wet sediment
0.07 µg/kg wet sediment
0.07 µg/kg wet sediment
A - 14,219 particles/mL wet sediment
B - 21,328 particles/mL wet sediment

1
2
3
4

Control
diphenhydramine
diphenhydramine
diphenhydramine

0 µg/L
10 µg/L
100 µg/L
1000 µg/L

1
2
3
4
5
1 h water

1

6
7

8

II

Hunting Behaviours
head orientation toward prey
step towards prey
strike at prey
prey capture
General Activity
C. puella
swimming bout
14 h water
larvae
walking bout
Molecular Biomarkers
glutathione-S-transferase
(GST)
respiratory electron
transport system (ETS)
malondialdehyde (MDA)

III

C.
riparius
larvae

IV

P.
corneus
adults

10-day larval survival
final survival
emergence of adults
development time
sex of emerged adults

critical thermal maximum
temperature preference
righting time

28/34 days
sediment

24 h
water

1
2
3
4
5
6
1

2

3

1
2
3
4

Chemical Analyses
It is standard practice in ecotoxicological studies to analytically quantify the
concentrations of test substances in water and sediment exposures (OECD,
2000). The concentrations of pesticides in paper I were not analytically
verified due to logistical restraints. However, the concentrations of deltamethrin and esfenvalerate in water in paper II and the concentrations of esfenvalerate in sediment in paper III, were quantified at the Department of
Aquatic Sciences and Assessment at the Swedish University of Agricultural
Sciences in Uppsala, Sweden. The measurements of the four single exposures in paper II were 0.065 μg/L and 0.130 μg/L deltamethrin, and 0.069
μg/L and 0.130 μg/L esfenvalerate. The concentrations of the combination
exposure were measured as 0.067 μg/L deltamethrin and 0.120 μg/L esfenvalerate. These concentrations fall within the ranges of deltamethrin and
esfenvalerate detected in freshwaters (Brady et al., 2006; Feo et al., 2010;
Lindström and Kreuger, 2015). The sediment concentrations of esfenvalerate
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in paper III were 0.053 μg/kg dry sediment for Experiment A and 0.064
μg/kg dry sediment for Experiment B. These concentrations were below the
limit of quantification (5 μg/kg) and near the detection limit (0.03 μg/kg).
The diphenhydramine measurements in paper IV were conducted at SWETOX in Södertälje, Sweden. Three concentrations of diphenhydramine plus a
control were measured for each of the three experiments conducted. The
range of concentrations chosen was selected for proof-of-principle rather
than environmental relevance (Bartelt-Hunt et al., 2009). For the full table of
measured diphenhydramine concentrations, see table 1 in paper IV.

Life-history Traits
Effects of contaminant exposure on life history traits of C. riparius were
assessed in papers I and III. Toxic effects of contaminants on life-history
traits such as the development time and emergence rate of benthic invertebrates can modify community compositions with ripple effects on ecosystem
structure and function (Liess and Von Der Ohe, 2005; Sundbäck et al., 2007;
Widenfalk et al., 2008). Pesticides have previously been shown to adversely
affect the life-history traits of non-target midges (Forbes and Cold, 2005;
Goedkoop et al., 2010; Kahl et al., 1997). However, as of yet, the biological
impact of microplastic ingestion on aquatic invertebrates is largely unknown
(Wagner et al., 2014).
In paper I, experimental vessels were checked daily for emergence (12
larvae/replicate, 10 replicates/treatment). The emerged adults were sexed
and their development time (the no. of days from hatching to emergence as
adults) recorded. Then the adults were placed in swarm cages according to
treatment where they mated and females oviposted eggs ropes in petri dishes
of RSW. The number of eggs per rope was estimated according to the protocol in Benoit et al. (1997) (Benoit et al., 1997). Survival was defined as the
number of adults that emerged as a proportion of the number of larvae at the
beginning of the experiment.
In paper III, there were 26 replicates (experimental vessels) per treatment in Experiment A of which 10 were removed after 10 days in order to
assess 10-day larval survival. Experiment B was smaller with 18 replicates
per treatment of which 4 were removed after 10 days for the 10-day larval
survival assessment. For both experiments, each replicate contained 12 larvae in accordance with the recommendation of 2 to 3 cm2 sediment surface
area per larva (OECD, 2004). Ten-day larval survival was assessed by sifting
through the sediment of each removed experimental vessel and counting the
live larvae. Then the remaining experimental vessels were checked daily for
emergence. The emerged adults were sexed and their development time (the
no. of days from hatching to emergence as adults) recorded. Additionally,
the sediment of the experimental vessels was also sifted at the end of the
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experiments to count how many surviving larvae did not emerge as adults.
Therefore the survival endpoint described in paper III includes both larvae
and adults. Furthermore a second emergence endpoint was assessed that was
the number of emerged adults as a percentage of the total survivors (adults +
larvae remaining in the sediment).

Behavioral Assays
Toxic inhibition of mobility and normal foraging behaviors of predators can
change the life-history and fitness traits of both the predators and their prey
with consequences for ecosystem structure and function (Maltby, 1999).
Predation and activity behaviors of damselfly larvae were assessed in paper
II. All observations were “blind,” coded to ensure impartiality and the number of larvae per treatment was 15-16. After the exposure and recovery period, each larva was observed for 10 min in a 3 L white plastic bucket (diameter 15 cm) with 200 mL of water and 150–200 freshly hatched Artemia nauplii prey. Ten minutes has been shown to be a sufficiently long observation
period for assessment toxicity-induced behavioral changes (Debecker et al.,
2016; Stoks et al., 2005). All behaviors were scored quantitatively. Scored
hunting behaviors were step toward prey, head orientation toward prey, capture of prey and striking at prey (extension of mouthparts without successful
capture). Scored general activity behaviors were bouts of swimming and
walking.
Temperature preference and righting response of aquatic snails were assessed in paper IV. Preference for an optimal thermal environment is a factor that influences the behavior of aquatic ectotherms (Barila et al., 1982;
Martin and Huey, 2008; Piasečná et al., 2015) and the ability to migrate in
response to climate changes, may be necessary for the survival of ectothermic populations in habitats close to their thermal maximum (Eliason and
Anttila, 2017). After exposure to diphenhydramine (18-21 snails/treatment),
snails were placed one per channel at 21 °C in a temperature gradient (min:8
±1 °C, max: 33± 1°C, 0.5°C/cm) for 24 hours. Snail location in the temperature gradient was recorded once every 3 hours during the light hours of the
16:8 light:dark photoperiod. Using this design, temperature preference was
determined by the means of the maximum and the minimal temperatures
visited for each treatment as well as the mean overall temperatures from the
24-hour-period for each treatment.
The ability of an organism to right itself after placed on its back can be
evaluated as evidence of toxicity affecting neuromuscular function, coordination, orientation and stress response (Fonck et al., 2015; Orr et al., 2007;
Schram et al., 2014). Self-righting in snails is also an important behavior for
avoiding predation (Manríquez et al., 2013). Previous studies have shown
that environmental stressors, including pharmaceuticals, can disrupt self23

righting in snails (Fong et al., 2017; Hellou et al., 2009; Schram et al., 2014).
Before and after the exposure period, the snails, which have left-coiling
shells, were flipped onto their right side with a stick. The time each snail
took to completely right with its foot re-attached to the glass surface was
recorded three times and the minimum and mean righting times for each
treatment were calculated.

Molecular Biomakers
Exposure to xenbiotics can induce changes in an organism on the molecular
level. Molecular biomarkers are measurable biochemical indicators of subcellular effects of toxicity that can supplement the interpretation of observed
organismal and population level effects (Hyne and Maher, 2003). The biomarkers measured in this thesis are Glutathione-S-transferase, the electron
transport system and oxidative damage. Glutathione-S-transferase is a detoxification enzyme upregulated in the presence of xenobiotics (Kostaropoulos
et al., 2001). Measurement of the electron transport system is an estimation
of energy consumption (De Coen and Janssen, 2003), and oxidative damage
can result from xenobiotic-induced production of reactive oxygen species
(Khalil, 2015). In paper II, C. puella larvae were analyzed for glutathioneS-transferase (GST), electron transport system (ETS) and oxidative damage
(MDA) at the Catholic University of Leuven in Belgium. Three larvae were
combined to provide the material for each sample. The samples were homogenized in a buffer solution (100 mmol/L Tris-HCl, pH 8.5, 15% polyvinyl pyrrolidone, 153 lmol/L MgSO4 and 0.2% Triton X-100) which provided supernatant for the analyses. The method for measuring GST activity
followed the protocol from McLouglin et al. (2000) with protein content
measurements conducted according to Bradford (1976) with results expressed in μmol/min/μg protein (Bradford, 1976; McLoughlin et al., 2000).
The ETS assay followed the protocol from Janssens et al. (2015) with results
expressed in nmol O2/min/μg protein (Janssens et al., 2015). Oxidative
damange was estimated as malondialdehyde formation which is a common
biomarker for toxicity-induced lipid peroxidation and expressed in nmol
MDA/mg fat. The oxidative damage assay followed the protocol of Janssens
and Stoks (2014) for measuring malondialdehyde formation with lipid content calculation according to the protocol of Bligh and Dyer (1959)
(E.G.Bligh and W.J.Dyer, 1959; Janssens and Stoks, 2014).

Thermal Tolerance
Some xenobiotics are known to affect the range of temperatures aquatic ecotherms can tolerate (Gordon, 2005) with consequences for populations al24

ready living in habitats at one end of their thermal range (Eliason and
Anttila, 2017). The known capacity for antihistamines to alter maximum
thermal tolerance in Drosophila, raises the question of antihistamine effects
on the critical thermal maxima of aquatic invertebrates (Hong et al., 2006).
In paper IV, P. corneus adults were evaluated for thermal tolerance after
exposure to diphenhydramine, see Table 1 for concentrations. After exposure
and a brief recovery period, snails were placed individually in glass jars
filled with aerated, dechlorinated water. The jars were placed in a water bath
at 21°C for a 30 minute acclimatization period followed by an increase in
temperature of one degree every 30 minutes. A snail was considered to have
reached maximum thermal tolerance when it lost attachment to the glass.

Statistics
All statistical analyses were performed in R (R Core Team, 2016).
In paper I, effects of on survival, emergence (the number of larvae that became adults) and sex of chironomids were analyzed with binomial generalized linear mixed effects models with treatment as a fixed effect and replicate vessel as a random effect. The treatment model was compared to the
null model with one-way ANOVA with a significant difference between the
models indicating the presence of an effect of treatment. Where an effect of
treatment was found, a Tukey post-hoc test was conducted for pairwise
comparisons to determine the effects of specific treatments compared to the
controls and each other. Development time was analyzed by linear mixed
effects models with treatment as a fixed effect and the replicate vessel as a
random effect. The treatment models were compared to the null models with
one-way ANOVA with a significant difference between the models indicating the presence of an effect of treatment. The sexes were analyzed separately due to dimorphic development rates.
Since the behavioral variables in paper II might be correlated, a principle
component analysis was conducted on the four predation-related behaviors
and the two general activity behaviors, which reduced the behaviors to two
principal components which were used for further analysis. The effects of
treatment on the first two principle components were thereafter analyzed
with ANCOVA with larval size set as a covariate, and subsequent pairwise
comparison when the ANCOVA showed significant effects of treatments.
Effects on glutathione-S-transferase (GST), electron transport system (ETS)
and oxidative damage (MDA) were analyzed with ANOVA. Where an effect
of treatment was found, a Tukey test for pair-wise comparison was conducted. Additional Dunnett tests were conducted for the first principal component, ETS and MDA.
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In paper III, effects on survival, emergence and sex of chironomids were
analyzed with binomial generalized linear mixed effects models with treatment as a fixed effect and replicate as a random effect. The treatment model
was compared to the null model with one-way ANOVA with a significant
difference between the models indicating the presence of an effect of treatment. Where an effect of treatment was found, a Tukey post-hoc test was
conducted for pairwise comparisons to determine the effects of specific
treatments compared to the controls and each other. An additional emergence analysis was included: the adult percentage of surviving individuals
(adults + larvae remaining in the sediment) which was analyzed with oneway ANOVA. Effects of pro-longed exposure were also analyzed with an
ANOVA of the generalized linear mixed effects for 10-day survival and
survival at the end of the experiment followed by further analysis of the single esfenvalerate treatment. This further analysis was done with a one-way
ANOVA comparing a general linear mixed model of a subset of the combined data for Experiment A or Experiment B, respectively, for only two
categories (10 day esfenvalerate exposure and 34 day esfenvalerate exposure) to the null model. Development time was analyzed by linear mixed
effects models with treatment as a fixed effect and the replicate vessel as a
random effect. The treatment models were compared to the null models with
one-way ANOVA with a significant difference between the models indicating the presence of an effect of treatment. The sexes were analyzed separately due to dimorphic development rates. Female development time was not
analyzed in Experiment A due to low female emergence.
In paper IV, the effects of diphenhydramine on temperature preference,
critical thermal maximum and righting time were assessed with one-way
ANOVAs. Where a significant effect was found, a Jonckheere-Terpstra posthoc test was conducted with manual step-down application to take into account the apparent dose-response trend.
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Results and Discussion

Combination effects of pyrethroids and neonicotinoids
(Paper I)
Larvae of C. riparius were exposed to a 1-h pulse of esfevalerate, deltamethrin, imidacloprid and thiacloprid (singularly, in pairs and a mixture of all
four) and evaluated for effects on life-history traits (Table 1).

Figure 1. Survival, defined as the proportion of C. riparius larvae that emerged
within 28 days, after a 1 h pulse exposure to two pyrethroid and two neonicotinoid
pesticides (for concentrations see Table 1). The letters above the bars denote significant differences according to a Tukey post-hoc test for pairwise comparison. Error
bars denote standard error.

Single exposure to the pyrethroid, esvenvalerate, and to the neonicotinoid,
thiacloprid, decreased survival from 94% in the control to 79% (Tukey, p <
0.03) and 68% (Tukey, p < 0.0001), respectively (Fig. 1). Exposure to a
four-pesticide cocktail also decreased survival to 72% (Tukey, p < 0.001)
(Fig. 1). However, neither the combined exposure to the two pyrethroids nor
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the two neonicotinoids decreased survival compared to the control (Fig. 1).
Adverse effects on survival may be due to starvation caused by pesticideinduced anorexia. Both pyrethroids and neonicotinoids are known to induce
neurotoxic effects on mobility that lead to feeding inhibition (Landrum et al.,
2002; Nyman et al., 2013).
These results indicate that while a 1-h pulse exposure to environmentally
relevant concentrations of pesticides can impact survival, there does not
appear to be a risk for additive or synergistic effects with combined exposure
to these selected pesticides. However, the greater adverse impact of esfenvalerate and thiacloprid single exposures on survival compared to when
combined with the other neonicotinoid, imidacloprid, or pyrethroid, deltamethrin, raises the possibility of antagonism. Mixture antagonism of pyrethroids has previously found in effects on survival of Chironomus dilutes,
although the mechanism for the antagonism remains unknown (Hasenbein et
al., 2015). Differing sensitivity to different neonicotinoids is attributed to
differences in metabolic capacity rather than target site specificity; that is to
say that some species are able to metabolize some neonicotinoids better than
others and then excrete them before they act on neurological targets (Manjon
et al., 2018). Antagonistic effects of pesticide combinations have previously
been shown to result from one of the compounds inducing the upregulation
of metabolic enzymes more effectively than the other resulting in improved
metabolism and excretion of both compounds (Anderson and Zhu, 2004).
Xenobiotic chemicals go through three phases of metabolism and the phase I
functionalized metabolites can also be toxic or even more toxic than the parent compound (Macherey and Dansette, 2015; Simon-Delso et al., 2015), If a
pesticide’s metabolites are more toxic in C. riparius compared to the parent
compound, then another possible mechanism of antagonism could be the
occupation of metabolic enzymes by the additional xenobiotics in the mixture resulting in a reduction in the rate of the compound’s biotransformation
to its more potent metabolites. Elucidation of this mechanism of antagonism
is worth further investigation.
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Figure 2. Development time, defined as the number of days from hatching to adult
emergence, after a 1 h pulse exposure to two pyrethroid and two neonicotinoid pesticides (for concentrations see table 1). Fitted values provided by a generalized
mixed effects model. The letters above the bars denote significant differences within
each sex according to a Tukey post-hoc test for pairwise comparison. Error bars
denote standard error.

Evidence of antagonism is also present in the effects of the pyrethroids on
development time. The esfenvalerate single exposure delayed female development time by 1.6 days from the 23.7 ± 0.3 days observed in the control to
25.3 ± 0.4 days (Tukey, p < 0.001). In contrast, development time in the
combined pyrethroid exposure was 24.8 ± 0.4 days and the pyrethroidneonicotinoid cocktail was 23.1 ± 0.4 days; neither of which were statistically different from the control (Tukey, p = 0.109, p = 0.703) (Fig. 2). However, male development time was only affected by the combined pyrethroid
exposure, which resulted in a 1.3 day delay from the 19.8 ± 0.3 days observed in the control to 21.1 ± 0.4 days (Tukey, p < 0.001) (Fig.2). The neonicotinoids had no effects on development time for females or males (Tukey, all p > 0.05). These findings suggest that pyrethroid toxicity may have
greater consequences for larval development compared to neonicotinoids.
This finding is in keeping with results reported by Nicholls et al. (2017) and
Stoughton et al. (2008) which found no effect of low neonicotinoid exposure
on the development rate of the bee, Osmia bicornis or the midge, Chironomus tentas, respectively (Nicholls et al., 2017; Stoughton et al., 2008). Although higher concentrations of imidacloprid did delay development in C.
tentas (Stoughton et al., 2008). Since, the neonicotinoids did decrease survival there is the possibility that decreased population density may have
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influenced the development rate by increasing per capita food availability
and reduced competition (Ristola et al., 2009). The literature is currently
inconclusive with regard to whether pyrethroids delay or hasten development
rates in midges, with studies providing evidence of both (Forbes and Cold,
2005; Samsøe-Petersen et al., 2001). The faster development time in the
cocktail exposure (D+E+I+T) compared to the pyrethroid exposures suggests
an antagonism between the pyrethroids and neonicotinoid that has not been
previously reported.
No effects of the pesticides alone or in combination were found on female
C. riparius fecundity in terms of the number of eggs per egg rope (ANOVA,
F8,233. = 1.66, p > 0.1). Findings from Forbes and Cold (2005) and Shi et al.
(2011) similarly showed no effect of neonicotinoids on fecundity in midges
or aphids (Forbes and Cold, 2005; Shi et al., 2011). Pyrethroids, on the other
hand, have been suggested to indirectly reduce fecundity in midges
(Goedkoop et al., 2010) and shown to directly reduce fecundity in two copepods (Chandler, 1990). Egg viability and success of the subsequent generation would be prudent to investigate as well before conclusively ruling out
adverse effects of pyrethroid and neonicotinoid exposure on C. riparius fitness.

Single and mixture impacts of two pyrethroids (Paper
II)
Larvae of C. puella were exposed for 14 h to esfenvalerate and deltamethrin
(singularly and combined) and evaluated for effects on predation behaviors,
general activity and three molecular biomarkers (see Table 1).
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Figure 3. The effects of a 14 h sub-lethal pyrethroid exposure on the mean predation
behaviors (PC1) and general activity (PC2) of damselfly larvae expressed as percentages relative to the control values which were set as equivalent to 100%. The
letters above the bars denote significant differences according to a Tukey post-hoc
test for pairwise comparison (n = 14-15; Tukey, p < 0.05). Error bars denote standard error.
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The first two principal components (PC1 and PC2) accounted for 84% of the
variation in the behavioral data. PC1 was primarily explained by the four
predation-related behaviors (52%) and PC2 by the two general activity behaviors (29%), see table 1 for the scored behaviors. Pyrethroid exposure
markedly decreased predatory behaviors (PC1, ANOVA, F5,84 = 7.121, p <
0.001, Fig. 3). Compared to the amount of predation behaviors observed in
control larvae, the single exposures to the two concentrations of deltamethrin
and the combined exposure to both pyrethroids resulted in decreases of 75 ±
3% (p = 0.001), 67 ± 2% (p = 0.004) and 88% ± 2% (p < 0.0001), respectively. The single esfenvalerate exposures did not result in reduced predatory
behaviors, supporting other findings that have shown esfevenalerate to be
less potent compared to deltamethrin in inhibiting feeding (Ishaaya et al.,
1983). The pyrethroids had no effect on the general activity of the damselfly
larvae (PC2, ANOVA, F5,84 = 2.117, p = 0.071; Fig. 3) indicating that the
pyrethroid-induced inhibition of normal feeding behavior observed in other
invertebrates as well (Ishaaya et al., 1983; Rasmussen et al., 2013) is a toxic
effect separate from impaired mobility and possibly more sensitive. This is
supported by other studies that found pyrethroid-induced feeding inhibition
coinciding with induction of hyperactivity (Huang et al., 2014; Rasmussen et
al., 2013; Viran et al., 2003). While we did not find hyperactivity per se, the
damselfly larvae exposed to the highest concentration of esfenvalerate were
significantly more active than those exposed to the same concentration of
deltamethrin (Tukey, p =0.037; Fig. 3). However, the behavioral assay was
designed to quantify changes in mobility that would be symptomatic of temporary paralysis (knockdown) commonly seen in terrestrial invertebrates
exposed to pyrethroids (Baatrup and Bayley, 1993; Kumar et al., 2011) and
therefore duration of locomotive activities were not recorded (e.g. two bouts
of walking were scored equally regardless of the amount of time spent walking per bout) which means the possibility of esfenvalerate-induced hyperactivity cannot be ruled out.
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Figure 4. The effects of a 14 h sub-lethal pyrethroid exposure on activity of glutathione S-transferase (GST), oxidative damage to lipids (MDA) and activity of the
electron transport system (ETS) in damselfly larvae, expressed as percentages relative to the control values which were set as equivalent to 100%. The letters above
the bars denote significant differences of GST activity (n = 5-10; Tukey, p < 0.05);
the * denotes a significant difference for MDA (Dunnett, p = 0.0415). No significant
differences in ETS were found (ANOVA, p > 0.05; all Dunnett p values > 0.05).
Error bars denote standard error.

Deltamethrin’s relative potency compared to esfenvalerate may be explained
by less efficient metabolism of deltamethrin in C. puella. Only the two single esfevalerate exposures and the lower deltamethrin concentration exposure induced production of glutathione S-transferase (GST) by 52 ± 11%, 45
± 7% and 42 ± 8% compared to the control (Tukey, p = 0.004, p = 0.018,
and p = 0.052). GST induction in these three exposure categories was also
significantly higher compared to the combination exposure (Tukey, p =
0.002, p = 0.006, and p = 0.017; Fig. 4). GST is an enzyme known to metabolize pyrethroids in invertebrates albeit with significant variation between
even closely related species (Ganesh et al., 2003; Gowland et al., 2002;
Rodrigues et al., 2015b; Rumpf et al., 1997). The lack of GST induction
after combined exposure to both pyrethroids suggests a toxic effect on the
detoxification pathways themselves. Compromised metabolism of the pyrethroids would result in increased toxicity which is evident in the 88% decrease in predation behaviors compared to a non-significant effect on predation behaviors when GST was induced (Fig. 3).
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The lowest, single exposure to esfenvalerate also increased oxidative
damage to lipids (MDA, Dunnett, p = 0.042) whereas the other single exposures and combined exposure did not (all p values > 0.05; Fig. 4). Although
the power of this experimental design was not strong enough to detect significant changes in oxidative damage in all of the single exposure groups, the
data does suggest that deltamethrin may also induce oxidative damage to
lipids but not when combined with esfenvalerate (Fig. 4). This in contrast to
an in-vitro study of pyrethroid-induced oxidative stress in human cell lines
which showed dose-additivity (Romero et al., 2015). A study on fish supports deltamethrin-induced oxidative stress and suggests that deltamethrininduced reductions in activity are a result of resource re-allocation to detoxification and antioxidant protection (Oliveira et al., 2012). Another fish study
also showed deltamethrin-induced oxidative stress and antioxidant defense
mechanisms but also significant variation between tissue-types (Sayeed et
al., 2003). The absence of a combined effect on MDA may be connected to
the unknown mechanism that prevented GST induction in the combination
exposure, or possibly the combination exposure triggered an antioxidant
mechanism not measured. Since we only measured oxidative damage to
lipids, further research measuring damage to other tissues such as proteins or
DNA, should be conducted before ruling out the possibility of oxidative
damage induced by combined exposure.
Metabolizing xenobiotics and protecting against oxidative damage are
costly processes that have shown to coincide with reduced growth and reproductive output (Maltby, 1999), and therefore it is interesting to estimate
energy consumption. An organism’s energy consumption can be estimated
with an assay that measures the activity of electron transport system (ETS)
(De Coen and Janssen, 2003). Despite the evidence of GST induction and
oxidative damage, we found no effect of pyrethroid exposure on ETS activity (ANOVA, F5,34 = 0.502, p = 0.773; all Dunnett comparison p values >
0.50; Fig. 4).

Combined effects of microplastics and a pyrethroid
(Paper III)
Larvae of C. riparius were reared in sediment spiked with latex-based polystyrene microspheres and esfenvalerate, singularly and in combination (Table 1). The experiment was conducted twice, once under low food conditions
(Experiment A) and once under normal conditions (Experiment B). Effects
of chronic exposure on life-history traits were evaluated. The results of the
two experiments are not compared directly with each other as they were
conducted at different times and with some methodological differences.
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Figure 5. The effects of a chronic spiked-sediment exposure to two sizes of microplastic beads (MP: 1.0 µm and 10.0 µm) and esfenvalerate on the emergence of C.
riparius larvae after (a) 34 days in low nutrient sediment and (b) 28 days in high
nutrient sediment. Emergence is expressed as (a, b) percentage of the number of
larvae at the start of each experiment and (a', b') adult percentage of the surviving
individuals. The letters above the bars denote significant differences according to a
Tukey post-hoc test for pairwise comparison (n = 26; Tukey, p < 0.05). Error bars
denote standard error. No effects on emergence were found in the high nutrient sediment (n = 18; ANOVA, χ2 = 4.132, Df = 4, p = 0.389).
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Figure 6. The effects of a chronic spiked-sediment exposure to two sizes of microplastic beads (1.0 µm and 10.0 µm) and esfenvalerate on the survival of C. riparius
larvae after 10 days (white bars) and combined larvae and emerged adults (shaded
bars) after (a) 34 days in low nutrient sediment and (b) 28 days in high nutrient sediment. Star (*) denotes a significant difference in 34-day survival between treatments exposed in low nutrient sediment (Tukey, p = 0.017). Circle (¤) denotes a
significant difference between 10 day larval survival and 34 day survival after exposure to esfenvalerate only in the low nutrient sediment (a: ANOVA, Df = 1, χ2 =
4.69, p = 0.030, b: ANOVA, Df = 1, χ2 = 3.19, p = 0.074). Error bars denote standard error.

Microplastics and esfenvalerate had no effects on emergence, survival, development time, or sex of C. riparius in high nutrient sediment. Mean emergence as a percent of the number of larvae in each treatment at the beginning
of the experiment ranged from 44.5% to 48.2% in the contaminant treat36

ments compared to 58.3% in the control (ANOVA, χ2 = 4.132, Df = 4, p =
0.389, Fig.5b). Mean emergence as a percent of the number of surviving
individuals (adults + larvae) after 34 days ranged from 88.1% to 98.6% in
the contaminant treatments compared to 89.6% in the control (ANOVA: F4,40
= 0.639, p = 0.638, Fig. 5b'). This finding is in line with a previous spikedwater exposure which also found no effect on chironomid emergence at a
similarly low concentration of esfenvalerate (Rodrigues et al., 2015a). Mean
larval survival at 10 days ranged from 45.8% to 77.1% across the treatments
(ANOVA, χ2 = 5.611, Df = 4, p = 0.230, Fig. 6b).Mean survival at 28 days
ranged from 46.5% to 64.3% across treatments (ANOVA, χ2 = 4.132, Df = 4,
p = 0.389). Mean development time ranged from 20.2 to 22.7 days for males
and 22.6 to 24.9 days for females with no significant effects of treatment
detected (males: ANOVA χ2= 3.8878, Df = 4, p = 0.4214; females: ANOVA
χ2= 4.168, Df = 4, p = 0.3837). This finding is in contrast to other pyrethroid
exposure studies which found delays in female development time including
Paper I (Maul et al., 2008; Rodrigues et al., 2015a). The percentage of males
emerged ranged from 39.9% to 57.8% in the contaminant treatments compared to 57.7% in the control and no significant effect of treatment on sex
was found (ANOVA, χ2= 5.608, Df = 4, p = 0.230). Previous studies on effects of pesticides, including esfenvalerate, have found skewed sex ratios as
a result of exposure (Agra and Soares, 2009; Rodrigues et al., 2015a). Male
midges are thought to be more susceptible to pyrethroid toxicity due to their
more rapid development (Goedkoop et al., 2010). Our findings, however,
suggest no such male-specific toxicity.
Effects of the contaminants on life-history traits were found when food
was insufficient providing an impression of how these contaminants can
affect benthic larvae under sub-optimal conditions. The artificial sediment
across all treatments including the control contained both organic and inorganic natural particulate matter < 1 mm in size ensuring that any affects observed in the microplastic spiked-sediments are not merely effects of exposure to small particulate matter. Mean emergence as a percent of the number
of larvae in each treatment at the beginning of the experiment ranged from
3.4% to 5.9% in the contaminant treatments compared to 16.8% in the control (ANOVA, χ2 = 29.957, Df = 4, p > 0.001, Fig.5a). Mean emergence as a
percent of the number of surviving individuals (adults + larvae) after 34 days
ranged from 4.9% to 12.2% in the contaminant treatments compared to
25.7% in the control (ANOVA F4,82 = 2.463, p =0.051, Fig. 5a'). Esfenvalerate, 1.0 µm microplastics and 10 µm microplastics, and a combination
of esfevalerate and 1.0 µm microplastics all significantly decreased emergence compared to the control treatment (Tukey, all p values < 0.05, Fig. 5a
and 5a'). This indicates that exposure to microplastics is stressful to the larvae with an energy cost similar to exposure to a low concentration of a pyrethroid. Ingestion of microplastics has previously been shown to increase
37

oxidative stress in sandworms and induce dietary constraints in amphipods
(Browne et al., 2013; Straub et al., 2017).
Mean larval survival in the low nutrient sediment at 10 days ranged from
70.0% to 84.2% across the treatments (ANOVA, χ2 = 2.368, Df = 4, p =
0.669, Fig. 6a). Mean survival at 34 days ranged from 62.7% to 79.9%
across treatments (ANOVA, χ2 = 11, Df = 4, p = 0.0266). Survival at 34 days
was significantly lower in the 10.0 µm microplastic treatment (67.6%) compared to the 1.0 µm microplastic treatment (79.9%) (Tukey, p = 0.017).
Esfenvalerate significantly decreased larval survival by 13.7% over time
when food was insufficient, from 84.2% at 10 days to 70.5% at 34 days
(ANOVA, Df = 1, χ2 = 4.69, p = 0.030), but not when combined with 10.0
µm microplastics which saw a decrease in survival over time of only 7.5%
from 76.9% at 10 days to 69.4% at 34 days (Fig. 6a). Detoxification of pesticides is an energetically costly process (Rodrigues et al., 2015b). It is reasonable then that chronic exposure to a sub-lethal concentration of a pesticide can decrease survival if the organisms are experiencing a nutrition deficit. The absence of a similar effect in the combination treatment suggests
that the microplastics may have adsorbed the esfenvalerate, decreasing its
bioavailability. This microplastic “cleaning” effect has been previously reported in experimental and theoretical studies (Koelmans et al., 2013;
Oliveira et al., 2013). Mean male development time ranged from 23.3 in the
control up to 27 days in the 10.0 µm microplastics treatment, however no
effect of treatment was detected (ANOVA χ2= 3.612, Df= 4, p= 0.4611).
Low emergence rates in the low nutrient sediment experiment affected the
power to detect differences in male emergence, and female emergence rates
were too low to allow for any analysis of development time. The percentage
of males emerged ranged from 81.3% to 100% in the contaminant treatments
compared to 87.6% in the control and no effect of treatment on sex was detected (Df = 4, χ2 = 5.608, p = 0.230). The high survival but low emergence
in low nutrient conditions highlights the importance of sufficient food resources for normal development, and female development in particular due
to the higher energy demands of egg production (Goedkoop et al., 2010).

Effects of an antihistamine (Paper IV)
Adult P. corneus were exposed for 24 h to three concentrations of the antihistamine, diphenhydramine, and then evaluated for effects on temperature
preference (Tpref), critical thermal maximum (CTmax) and righting time (RT).
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Figure 7. Mean critical thermal maximum (CTmax °C) of P. corneus after 24 hours
exposure to diphenhydramine. The p-value denotes a significant effect of diphenhydramine compared to the control (Jonchkheere-Terpstra; n = 21-23 snails per treatment). The error bars denote standard error.

The CTmax of P. corneus was determined to be 37.7 °C. Thermal tolerance
increased after exposure to diphenhydramine concentrations of 9.58, 97.0
and 949 µg/L by 0.1, 0.7 and 2.2 °C respectively (Fig. 7). The increase in
CTmax found in the highest concentration exposure was significant (Jonckheere-Terpstra, p = 0.003, n = 21-23 snails per treatment). An increase in
thermal tolerance after exposure to a xenobiotic rather than a decrease is an
unusual finding in an aquatic ectotherm. However, thermal tolerance is not a
commonly assessed endpoint and the available data are on fish, not invertebrates (Gordon, 2005). To our knowledge, this is the first study to investigate
the effects of a pharmaceutical on thermal tolerance in an invertebrate. A
study on the effects of anti-depressants in snails did find adverse effects on
pedal neurons which manifested as increased foot detachment from the substrate (Ford and Fong, 2016), however all of the snails in our study attached
to the glass substrate after exposure to diphenhydramine without any signs of
toxicity in that regard. Since significant increases in thermal tolerance were
not found at the lower, environmentally relevant concentrations for freshwaters and sediments (Bartelt-Hunt et al., 2009; Ferrer et al., 2004), it is unlikely that diphenhydramine in the environment has a significant impact on
thermal tolerance of wild P. corneus populations. However, even though
these results are not alarming, they do indicate that further investigation into
the effects of antihistamines on thermal tolerance in aquatic ectotherms is
warranted.
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Figure 8. Righting time RT) of P. corneus after 24 hours exposure to diphenhydramine. The p-values denotes a significant effect of diphenhydramine compared to the
control (Jonchkheere-Terpstra; n = 14 snails per treatment). The error bars denote
standard error.

The mean and minimum RT of P. corneus were determined to be 38.7 ± 1.5
seconds and 28.5 ± 1.7 seconds. Mean RT increased after exposure to diphenhydramine concentrations of 8.21, 96.7 and 952 µg/L by 7.2 ± 1.7 s,
11.0 ± 3.7 s and 14.7 ± 4.0 s (Fig. 8b). Minimum RT increased by 9.7 ± 1.3
s, 10.1 ± 2.2 s, and 12.7 ± 2.2 s (Fig. 8a). The increases in mean and minimum RT at all concentrations of diphenhydramine were significant (Jonckheer-Terpstra, all p values < 0.05, n = 14 snails per treatment). This doseresponse effect of diphenhydramine on RT in P. corneus may be a manifestation of sedation due to diphenhydramine interference with histamine40

regulated sleep-wake cycles (Green, 2008). Histamine-signaling genes with
thermoregulatory functions identified in Drosophila melanogaster include
the hisCl1 gene (Hong et al., 2006). As the hisCl1 gene is also expressed in
circadian clock neurons (Díaz et al., 2006) there may be a mechanistic link
between the observed changes in thermal tolerance and righting time in P.
corneus. The anti-depressant, fluoxetine, which also has antihistamingeric
properties, has also been shown to increase RT in snails at even lower concentrations and shorter exposure periods (Fong et al., 2017). Since we found
effects at the lowest concentration of diphenhydramine tested, we recommend further testing to determine the lowest observed effect concentration.
The Tpref for P. corneus was determined to be 21 ° C. The Tpref did not
change after diphenhydramine exposure. Toxicity could have manifested as
preference for a lower or higher temperature or as absence of preference (a
wider range), effects which were found in Drosophila after exposure to antihistamines (Hong et al., 2006). However, our findings offer no indication
that histaminergic pathways play a role in mediating temperature preference
in P. corneus.
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Concluding Perspectives

In conclusion, this thesis provides evidence that sub-lethal exposures to single and combined anthropogenic contaminants can have adverse effects on
aquatic invertebrates. Paper I showed that a brief water exposure to environmentally relevant concentrations of neonicotinoids and pyrethroids can
have lasting adverse effects on the life-history traits of a benthic invertebrate. This short 1 h exposure to pesticides decreased survival and delayed
development of larvae of the midge, C. riparius. The combination of neonicotinoids and pyrethroids did not produce synergistic effects; however,
there was some indication of antagonism. Subsequently, Paper II showed
that a water exposure to environmentally relevant concentrations of pyrethroids can adversely affect the predatory ability and detoxification pathways
of a benthic invertebrate. A 14 h exposure to deltamethrin reduced predatory
ability in the larvae of the damselfly, C. puella, and combined exposure with
esfenvalerate may have additive toxicity on predation behavior. Additionally, single exposure to each pyrethroid induced production of Glutathione Stransferase while combined exposure did not. Then Paper III showed that
exposure to 1.0 and 10.0 µm polystyrene-based latex microbeads and environmentally relevant concentration of esfenvalerate in sediment can have
adverse effects on life-history traits of a benthic invertebrate under low nutrient conditions. Exposure to both sizes of microplastics and esfenvalerate
led to equally decreased emergence when food was limited. Additionally,
exposure to esfenvalerate resulted in decreased survival when food was limited but not when microplastics were co-present. Finally, Paper IV showed
that a water exposure to an antihistamine can alter thermal tolerance and
righting behavior in an aquatic gastropod. The 24 h exposure to diphenhydramine increased thermal tolerance and delayed righting in the freshwater
snail, P. corneus.
Reduced larval survival, delayed development, decreased emergence, inhibited predation behavior, induction and inhibition of detoxification enzymes, increased thermal tolerance and delayed righting time are all adverse
effects with the potential to affect population dynamics of aquatic invertebrate communities. For example, inhibition of predation behavior and
growth rate might affect fecundity in an organism which ultimately might
affect their abundance. Two of the three species investigated have a terrestrial adult stage with important roles to play in terrestrial community structures
as well. Most of these effects occurred at environmentally relevant concen42

trations indicating that current contamination of freshwaters is high enough
to affect invertebrate populations in nature and consequently the biodiversity
of freshwater ecosystems as well as the adjacent terrestrial ecosystems.
Non-negligible effects of exposure to pyrethroids and neonicotinoids on
non-target organisms after exceptionally short, single exposure periods are
important findings for informing the appropriate risk assessment of pesticides in the natural environment where exposure to aquatic biota happens
frequently and the spikes in concentrations can last longer. In the environment, mixture exposure is the norm and the resulting effects are difficult to
predict. Mixture toxicity is complicated and depends on largely unknown
interactions with the detoxification pathways unique to each species. When
sub-lethal effects are rarely tested and mixture toxicity is difficult to predict,
regulation of pesticides based on “no observed effect concentrations” are
likely to be overly optimistic. While further studies investigating the combination effects of pesticides on sub-lethal endpoints would help refine the risk
assessment of commercial pesticides, it may be more prudent to investigate
solutions that would indirectly reduce the need for synthetic plant protection
products. For example, while pesticides are largely understood as a solution
to the problem of feeding the human population, the current rate of food
waste is another variable on the same side of that equation. Similarly, recommending further research that would ultimately support tighter pesticide
regulations is one approach to reducing their use in ornamental gardens, but
encouraging the public to choose native plant species adapted to the local
pests may also be an effective route to the same goal. And finally, advances
in CRISPR-based genomic tools with great potential to reduce malaria vectors, could replace the widespread use of high concentrations of pyrethroids
and neonicotinoids in regions vulnerable to malaria.
The evidence is growing that plastic pollution, once considered harmless
and biologically inert, is in fact a threat to wildlife. Ingestion of microplastics carries a subtle cost to the organism that can be amplified under stress.
The silver-lining is that microplastics have the potential to act as cleaning
agents reducing the bioavailability of co-occurring chemical contaminants.
More evidence is coming out that microplastic pollution is primarily fibers
and fragments. This highlights the need for further investigation into the
biological effects of those shapes in addition to the bead shape commonly
found in personal care products and industrial production. Further research
on microplastic ingestion in other benthic invertebrates as well is recommended for a robust risk assessment of microplastic pollution in the benthos.
Efforts to dramatically reduce the input of plastics to aquatic ecosystems are
already underway however, further research is very necessary to appropriately guide these efforts. A world-wide ban on plastic microbeads in personal
care products, for example, while well-intended, would be an inefficient step
toward improved aquatic ecosystem health if detrimental effects on wildlife
are primarily caused by fibers from synthetic clothing and fishing nets.
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This thesis adds to the growing body of evidence that pharmaceuticals in
municipal waste water effluent are a risk to the health and well-being of
aquatic animals. Further investigations into how different pharmacological
compounds affect different aquatic organisms would be of substantial benefit
to a prioritization process that could provide direction for regulatory efforts
and the development of new water treatment technologies. These investigations should explore non-traditional endpoints based on the compounds’ bioactive targets and physiology of the test species. Additionally, research related to climate-change-related multiple stressor scenarios, should look not
only at how temperature stress affects the toxicity of xenobiotics, but also
how xenobiotics affect an organism’s ability to respond to temperature fluctuations. Finally, the toxicity of pharmaceutical pollution is important to take
into account in scientific evaluations of the capacity of aquatic ecosystems to
adjust to a rapidly changing climate.
We have come a long way since Rachel Carson’s publication of “Silent
Spring” in 1962 which first criticized the mantra that “the solution to pollution is dilution” and spawned the entire discipline of ecotoxicology. Despite
ingeniously inventing new contaminants as quickly as we ban the old ones,
there is world-wide consensus now that freshwater is precious and freshwater ecosystems should be conserved as much as possible. It is my hope that
this thesis has contributed in some small ways to increasing what is possible.
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Lay Summary

“Save the bees!”
“Beat the bead!”
“The fish are on drugs!”
The media have been doing their part to raise awareness about the dangers of
pesticides, microplastics and pharmaceuticals in the environment. No one
with a Twitter account hasn’t heard that pesticides are causing bee colony
collapse, seen a pic of a sea turtle eating a plastic bag or downloaded an app
to find out if their toothpaste had microplastics, or been made to feel a
twinge of guilt that their birth control pills and anti-depressants are poisoning the oceans. Environmentalism is seldom subtle. Environmental science,
on the other hand, cares a great deal about subtlety. Science wants to know,
what exactly is going on?
Throughout its first few decades in the latter half of the 20th century, the
new discipline of ecotoxicology, sought to quantify exactly how much of a
human-made chemical we could safely release into the environment without
killing everything there. Traditional ecotoxicology studies took a handful of
non-target species which would stand-in for everything people weren’t trying to kill on purpose and exposed them to increasing amounts of a single
chemical and recorded how many died. Later came reproductive studies and
chronic exposure studies and eventually tests on a wider variety of species
along with concern about mixture interactions and a push to acknowledge
the relevance of non-lethal effects as well. Until the 21st century, the contaminants on an ecotoxicologist’s radar were mostly heavy metals from the industrial era and chemical weapons – those used against fellow humans as
well as those used against the natural world, creatures that seemed hell-bent
on eating our crops and taking up residence in our carpets. Then came the
first reports of garbage patches in the oceans, whale stomachs full of trash
and the realization that we piss out a good amount about of all the drugs we
take. Ecotoxicology began to feel a bit more like veterinary medicine, the
wildlife equivalents of “what happens when Fluffy eats her plastic ball?” and
“will Fluffy die if I give her an aspirin?” and as more monitoring surveys
reported on environmental conditions, the more ominous the questions became, like “what happens if Fluffy eats a plastic ball everyday of her life?”
45

and “what happens to Fluffy if she eats a tiny bit of aspirin, birth control
pills, anti-depressants, cancer drugs and allergy medications….everyday?”
At the same time, we’re still using heavy metals in industry and we’re still
deploying chemical weapons on a daily basis. Despite increased regulation,
those concerns have not faded away.
This thesis enters a context in which humanity’s trash -- chemical, physical and pharmacological—is still regularly ending up in lakes and rivers all
around the world. The burden is on the ecotoxicologists to prove whether
these substances do or do not cause harm to those fragile ecosystems. It is up
to us to decide what kind of harm to look for and how loud the alarm should
be sounded, if at all. There are still many who loudly proclaim that plastic is
inert and therefore harmless, and that the solution to pollution is dilution.
Are those assertions true? This thesis looks at what happens when ecologically beneficial, non-biting midges, damselflies and snails are exposed in the
lab to contaminants that they may be exposed to in nature.
The first study of this thesis was a simulation of a storm event. The concentrations of pesticides in rivers and lakes peak during the first hour of a
heavy rainstorm. This is because the rain hits plants and soils that have been
sprayed and then the run-off carries away some of those pesticides down
storm drains or drainage ditches where it eventually ends up in the rivers and
the lakes. When non-biting midges hatch from their eggs, they are tiny little
red worm-like larvae less than 1 millimeter long. They grow over a period of
a few weeks until they briefly form pupae before transforming into their
flying, adult form. They mate in swarms and will die a natural death within a
few weeks if nothing kills them (to eat for the most part, but perhaps also out
of annoyance). This short life-span makes it easier to study the effects of
contaminant exposure over an entire life, compared to other species that live
longer. When the midge larvae were only 2-days-old, we squirted tiny
amounts of four different kinds of really common pesticides (imidacloprid,
thiacloprid, deltamethrin and esfenvalerate) from two major pesticide types
(neonicotinoids and pyrethroids) into the water. The amounts used were
within the range that has been reported to be present in freshwaters in nature.
Some larvae were only exposed to one pesticide, some got a combination of
two and the rest were exposed to all four. After an hour, we poured off that
pesticide contaminated water and gave them fresh clean water. Then we kept
track of how many made it to adulthood and how long it took them.
We found that this short 1-hour-long exposure to concentrations of pesticides similar to what is found in nature, killed some of the midge larvae and
delayed the pace of development to adulthood for some others. The pesticides can interfere with the larvae’s nerves making it difficult for them to
move for a while. If they can’t move, they can’t eat, and that initial loss of
nutrition could weaken them to the point that they can’t recover at all and
they starve to death. It could also mean they need more time than usual to
grow before their bodies are ready for transformation. The good news is that
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the combination of exposure to all four pesticides together wasn’t worse than
the exposure to only one. In fact, some combinations weren’t as bad as exposure to only one. Why would that happen? There are specialized detoxification systems inside all animals that are responsible for handling toxins that
enter the body. Sometimes these systems make a toxin worse before they
make it better. This isn’t on purpose, it’s because natural detoxification systems have not had the chance to evolve to handle the new toxins that we
create. Although, adaption is happening and we call that “developing resistance.” In the case where a toxin gets turned into something worse before
it gets turned into something better, then that whole process is slowed down
if the system is handling another toxin at the same time. Additionally, some
toxins are more readily recognized than others and trigger an amping up of
the detoxification system (the animal is therefore “more resistant” to these
toxins). Greater resistance to one toxin can lead to greater resistance to both
toxins when they are both present. One toxin that isn’t immediately and efficiently recognized as such by the detoxification system has more time to
inflict toxic damage to the animal then if a more recognizable toxin was
present at the same time to trigger the system. Once the system is kicked into
gear, both toxins may then be eliminated more efficiently.
The second study of the thesis looked at how tiny amounts of two pesticides can affect behavior. Damselflies, closely related to dragonflies, are
brightly-colored, winged insects usually found around the banks of ponds
and streams. They deposit their eggs into the stems of marshy plants where
the offspring hatch into wingless larvae with six legs and a tail that live underwater on the muddy bottom for one to two years before transforming into
their air-breathing, flying adult form to mate. Both the larvae and adults are
adept predators feeding primarily on smaller insects and crustaceans. We
hatched damselfly larvae in the laboratory where we then exposed them for
14 hours to either a high concentration or a low concentration of two different pyrethroid pesticides (esfenvalerate and deltamethrin) or a combination
of both pesticides. Then we watched each individual larva for 10 minutes in
a bucket filled with freshly hatched crustacean prey and counted how many
times the larva performed different actions. The actions were grouped into
two categories: those associated with hunting and those associated with general movement. We then euthanized the larvae and ran tests on their bodies
for molecular signs of toxicity. We looked for increased oxidative damage to
fat molecules, increased energy use and increased detoxification activity.
We found that the damselfly larvae that were exposed to deltamethrin
didn’t hunt as much as the ones that weren’t exposed to the pesticides. It
wasn’t just that the larvae tried to hunt but weren’t able to. They didn’t even
try very much. The larvae that were exposed to both deltamethrin and esfenvalerate seemed to try even less, but we weren’t able to observe enough larvae to say with certainty that both pesticides at the same time were worse
than just deltamethrin. Why weren’t they hunting? The most obvious answer
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would be temporary paralysis. Both of these pesticides can cause that in
insects; that’s how they function as insecticides. However, the larvae walked
and swam like normal so general paralysis couldn’t be the answer. Other
studies have also showed that exposure to pyrethroids can make insects stop
eating. Whatever the mechanism is, it’s not good news for wild populations
of damselfly larvae or their food webs. When predators stop eating and their
populations shrink, there can be ripple effects throughout the ecosystem.
Interestingly, we found that each pesticide by itself triggered the damselfly
detoxification system in terms of upregulating the detoxification enzyme,
glutathione-S-transferase, but that didn’t happen when the larvae were exposed to both pesticides. Since that group of larvae was the worst at hunting,
they were definitely experiencing toxic effects so why weren’t their detoxification systems working harder? We can’t say for sure, but one idea is that
the pyrethroid combination caused damage to the detoxification system itself
which prevented it from clearing out the pesticides resulting then in even
less eating.
The third study of this thesis was made up of two experiments that primarily investigated microplastics and compared the effects of microplastics
to the effects of a pesticide. We also combined the microplastics and pesticide to see what would happen. Midge larvae (same species as in the first
study) were raised in lab-made dirt that had been spiked either with 1.0 or
10.0 micron-sized plastic (polystyrene-based latex) beads, or esfenvalerate
(the pesticide) or a combination of the 1.0 micron beads and esfenvalerate.
After a few weeks we realized there weren’t as many adult midges emerging
as there ought to have been. It turned out we hadn’t mixed enough food into
the dirt at the beginning which resulted in an opportunity to see what happens when exposure to these contaminants occurs under stressful conditions
that are actually more likely to be the case out in nature. Of course, we also
did a second experiment in which food was plentiful. We found that when
conditions were ideal, none of the contaminants appeared to affect the midges. However, when food was scarce, both sizes of microplastics and the
esfevalerate all reduced the number of larvae that made it to adulthood. Additionally, fewer larvae survived under those conditions when exposed to
esfenvalerate, but not when microplastics were mixed in as well. This study
shows that substances that may appear harmless are in fact stressing the animals, a fact that becomes apparent when resources are limited. The silverlining here is that the microplastics could be acting like cleaning agents by
soaking up the esfenvalerate.
The fourth and final study of this thesis aims to initiate a conversation
about the potential for antihistamine pollution to interfere with the thermoregulatory physiology and behavior of aquatic wildlife. We exposed
freshwater snails to a range of concentrations of the popular antihistamine,
diphenhydramine, for 24 hours. Then we looked for changes in the highest
temperature the snails could tolerate, which temperature they preferred to be
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in the most and how long it took them to get back up on their foot after they
were placed on their side. Exposure to diphenhydramine resulted in the
snails tolerating a higher temperature and taking much longer time to right
themselves. Antihistamines in humans work by blocking the receptors that
receive histamines, which are neurotransmitters. Histamines and their receptors are not only found in humans, but other animals as well, including insects and snails. In humans histamine pathways are not only involved in
immune response (e.g. allergic reactions) but also regulating wakefulness
which is why one of the side effects of disphenhydramine is sleepiness.
There is evidence from other studies that suggest this is true for other animals as well. Therefore, the snails we exposed to diphenhydramine may
have struggled to stand back up because they were sedated. Some interesting
studies on fruit flies showed that the same histamine-signaling gene that is
expressed in circadian clock neurons (i.e. involved in regulating wakefulness) also has thermoregulatory functions. Our experiment found no changes
in temperature preference in the snails after they were exposed to diphenhydramine, however they did tolerate higher temperatures. This study provides
evidence that contaminants should be reviewed for their potential to effect
thermogulatory physiology of aquatic animals as this form of toxicity may
have consequences for populations already living in habitats at one end of
their thermal range.
In conclusion, this thesis provides evidence that sub-lethal concentrations
of pollutants can harm the insects and snails living in freshwater environments. Reduced larval survival, delayed development, decreased emergence,
inhibited predation behavior, induction and inhibition of detoxification enzymes, increased thermal tolerance and delayed righting time are all harmful
effects with the potential to change the population dynamics of freshwater
ecosystems. Two of the three species investigated have a terrestrial adult
stage with important roles to play in terrestrial community structures as well.
Most of the observed harmful effects of exposure occurred at environmentally relevant concentrations indicating that current contamination of freshwaters is high enough to affect wildlife populations and consequently the biodiversity of freshwater ecosystems as well as the adjacent terrestrial ecosystems. We have come a long way since Rachel Carson’s publication of “Silent Spring” in 1962 which first criticized the mantra that “the solution to
pollution is dilution” and spawned the entire discipline of ecotoxicology.
Despite ingeniously inventing new contaminants as quickly as we ban the
old ones, there is world-wide consensus now that freshwater is precious and
freshwater ecosystems should be conserved as much as possible. It is my
hope that this thesis has contributed in some small ways to increasing what is
possible.
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Svensk Sammanfattning

"Rädda bina!"
"Bort med plasten!"
"Fisken använder droger!"
Medierna gör sin del för att öka medvetenheten om farorna med bekämpningsmedel, mikroplast och läkemedel i miljön. Har du ett Twitter-konto kan
du inte ha undgått att höra att bekämpningsmedel gör att bikolonier kollapsar, sett en bild på en havssköldpadda som äter en plastpåse eller laddat ner
en app för att ta reda på om tandkrämen innehåller mikroplast, eller känt
skuld för att p-piller och antidepressiva medel förgiftar haven. Miljöaktivismen är sällan subtil. Miljövetenskap, å andra sidan, bryr sig mycket om
subtilitet. Vetenskapen vill veta: exakt vad är det som händer?
Under sina första decennier som nytt forskningsområdet, i senare delen av
1900-talet, försökte ekotoxikologin bestämma exakt hur mycket av våra
tillverkade kemikalier vi skulle kunna släppa ut i miljön utan att döda allt
där. Traditionella ekotoxikologiska studier tog en handfull arter som fick
representera allt som människan inte avsiktligt ville döda och utsatte dem för
ökande mängder av en enda kemikalie och registrerade hur många som dog.
Senare kom reproduktionsstudier och studier om kronisk exponering, så
småningom följt av tester på en större mängd arter, farhågor över blandningsinteraktioner och ansträngningar för att erkänna att icke-dödliga effekter också är relevanta. Fram till 2000-talet var föroreningarna på en ekotoxikologs radar mestadels tungmetaller från den industriella eran och kemiska
vapen – såväl de som användes mot medmänniskor som de som användes
mot arter i naturen som verkade fast beslutna att äta våra grödor och bosätta
sig i våra mattor. Sedan kom de första rapporterna om flytande sopområden i
oceanerna, valmagar fulla av avfall och insikten att vi pissar ut en rejäl
mängd av alla läkemedel vi tar. Ekotoxikologin började kännas mer som
veterinärmedicin, vildmarksvarianten av "vad händer när Fluffy äter sin
plastboll?" och "kommer Fluffy att dö om jag ger henne en aspirin?". När
fler övervakningsstudier rapporterade om förhållandena i miljön kom de
olycksbådande frågorna som "vad händer om Fluffy äter en plastboll varje
dag under sitt liv?" och "vad händer med Fluffy om hon får i sig lite aspirin,
p-piller, antidepressiva medel, cancermedicin och allergimedicin ... varje
50

dag?". Samtidigt fortsätter vi att använda tungmetaller i industrin och vi
fortsätter att använda kemiska vapen dagligen, trots ökad reglering har dessa
farhågor inte försvunnit.
Denna avhandling kommer i ett sammanhang där mänsklighetens skräp kemiskt, fysiskt och farmakologiskt - fortfarande regelbundet hamnar i sjöar
och floder över hela världen. Ansvaret ligger på ekotoxikologerna att bevisa
om dessa ämnen orsakar eller inte orsakar skador på de bräckliga ekosystemen. Det är upp till oss att bestämma vilken typ av skada vi ska leta efter
och hur högt larmet ska låta, om det alls ska låta. Det finns fortfarande
många som högt förkunnar att plast är inert och därför ofarligt, och att lösningen på föroreningsproblemet är att späda ut det mer. Är dessa påståenden
sanna? Den här avhandlingen tittar på vad som händer när ekologiskt viktiga
fjädermyggor, flicksländor och sniglar exponeras i laboratoriet för föroreningar som de kan utsättas för i miljön.
Den första studien i den här avhandlingen var en simulering av en stormhändelse. Koncentrationerna av bekämpningsmedel i floder och sjöar ökar
under den första timmen efter en kraftig regnskur. Detta beror på att regnet
faller på besprutad jord och växter och sedan för med sig besprutningsmedlet
via stormdräneringar och diken för att slutligen hamna i floder och sjöar. När
myggor kläcks från sina ägg, är de små röd-lila larver på mindre än 1 millimeter. Efter en period av tillväxt bildar det puppor för att sedan omvandlas
till sin flygande, vuxna form. De parar sig i svärmar och dör naturligt inom
några veckor om ingenting dödar dem innan dess (vanligtvis för att ätas, men
kanske också av irritation). Deras korta livslängd gör det lätt att studera effekterna av exponering för föroreningar under en hel livstid jämfört med
arter som lever längre. När mygglarverna var 2 dagar gamla utsatte vi dem
för små mängder av fyra olika typer av vanligt förekommande bekämpningsmedel (imidakloprid, tiacloprid, deltametrin och esfenvalerat) från två
grupper av pesticider (neonicotinoider och pyretroider) i vattnet. Mängderna
vi använde var inom de värden som rapporterats vara närvarande i sötvatten i
naturen. Vissa larver utsattes för endast ett bekämpningsmedel, andra fick en
kombination av två och resten var utsatta för alla fyra. Efter en timme hällde
vi bort det förorenade vattnet och gav dem rent vatten. Efter det höll vi reda
på hur många som överlevde till vuxen ålder och hur lång tid det tog dem att
utvecklas.
Vi fann att en kort tids exponering (1 timme) för bekämpningsmedel av
en koncentration som liknar den som finns i naturen, dödade några av larverna och förlängde utvecklingstiden för andra. Bekämpningsmedlen kan
störa larvernas nervsystem vilket gör det svårt för dem att röra sig under en
period. Om de inte kan röra sig, kan de inte äta, vilket kan försvaga dem så
till den grad att de inte kan återhämta sig och svälter ihjäl. Det kan också
innebära att de behöver mer tid än vanligt att växa innan deras kroppar är
redo för metamorfos. En god nyhet är att exponeringen av en kombination av
alla fyra bekämpningsmedel tillsammans inte var värre än exponeringen för
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endast ett. Faktum är att vissa kombinationer inte var lika dåliga som exponering för endast ett medel. Varför blir det så? Det finns specialiserade avgiftningssystem inom alla djur som står för hanteringen av de gifter som
kommer in i kroppen. Ibland gör dessa system ett gift värre innan de gör det
bättre. Det beror på att de naturliga avgiftningssystemen inte har haft en
chans att utvecklas för att hantera de nya gifter som vi skapar. Anpassning
sker och vi kallar det att "utveckla resistens". I fallet när ett gift blir omvandlat till något värre innan det omvandlas till något bättre gör det hela processen långsammare om systemet samtidigt hanterar ett annat gift. Dessutom är
vissa gifter lättare känna igen än andra och utlöser starkare respons i avgiftningssystemet (djuret är därför "mer resistent" mot dessa gifter). Större resistens mot ett gift kan leda till större motstånd mot båda gifterna när båda är
närvarande. Ett gift som inte omedelbart och effektivt känns igen av avgiftningssystemet har mer tid att åstadkomma skada hos djuret än om ett gift
som systemet känner igen också är närvarande och utlöser systemet. När
systemet väl har startats kan båda gifterna elimineras mer effektivt.
Den andra undersökningen i avhandlingen undersökte hur små mängder
av två bekämpningsmedel som kan påverka beteenden. Flicksländor, nära
besläktade med trollsländor, är ljust färgade insekter med vingar som vanligen finns runt strandkanten vid dammar och strömmande vatten. De lägger
sina ägg i stammar av vattenväxter och de kläcks till vinglösa larver med sex
ben som lever under vattnet på leriga bottnar i ett till två år innan de omvandlas till vuxna flygande individer för att para sig. Både larver och vuxna
är skickliga rovdjur som främst äter mindre insekter och kräftdjur. Vi kläckte
flicksländelarver inne på labb där vi i 14 timmar utsatte dem för antingen en
hög eller låg koncentration av två olika pyretroid-bekämpningsmedel (esfenvalerat och deltametrin) eller en kombination av båda pesticiderna. Sedan
undersökte vi varje flicksländelarvs beteende i 10 minuter i närvaro av bytesdjur. Beteendena var indelade i två kategorier: de som hör till jakt och de
som hör till allmän rörelse. Vi avlivade sedan larverna och testade deras
kroppar för molekylära tecken på toxicitet. Vi letade efter ökad oxidativ
skada på fettmolekyler, ökad energianvändning och ökad avgiftningsaktivitet.
Flicksländelarver som utsattes för deltametrin jagade inte lika mycket
som de som inte utsattes för bekämpningsmedel. Det var inte bara så att larverna försökte men inte kunde jaga, de försökte nästan inte alls. Larverna,
som utsattes för både deltametrin och esfenvalerat, försökte ännu mindre,
men vi kunde inte observera tillräckligt med larver för att med säkerhet säga
att båda bekämpningsmedel samtidigt var värre än bara deltametrin. Varför
jagade de inte? Det mest uppenbara svaret skulle vara tillfällig förlamning.
Båda dessa bekämpningsmedel kan orsaka förlamning hos insekter, det är så
de fungerar som insektsbekämpningsmedel. Dock både gick och simmade
larverna som vanligt vilket utesluter allmän förlamning. Andra studier har
också visat att exponering för pyretroider kan göra att insekter slutar äta.
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Oavsett mekanismen är det inte bra för naturliga populationer av flicksländelarver eller deras födovävar. När rovdjur slutar äta och deras populationer
minskar, kan det ge följdeffekter i hela ekosystem. Intressant nog visade vi
att varje pesticid i sig utlöste avgiftningssystem hos flicksländorna när det
gäller uppreglering av avgiftningsenzymet, glutation-S-transferas, men det
hände inte när larverna utsattes för båda bekämpningsmedlen samtidigt. Eftersom denna grupp av larver jagade minst, upplevde de definitivt toxiska
effekter, men varför jobbade deras avgiftningssystem inte hårdare? Det går
inte att säga säkert, men en förklaring skulle kunna vara att pyretroidkombinationen orsakade skador på avgiftningssystemet i sig självt, vilket
förhindrade det från att rensa ut bekämpningsmedlen som då resulterade i
ännu mindre födosök.
Den tredje studien i denna avhandling bestod av två experiment som i
första hand undersökte effekter av mikroplast och jämförde effekterna av
mikroplast mot effekterna av ett bekämpningsmedel. Vi kombinerade också
mikroplast och bekämpningsmedel för att se vad som skulle hända. Fjädermyggslarver (samma art som i den första studien) föddes upp i labbtillverkat
bottenmaterial som antingen hade tillsatts med 1,0 eller 10,0 mikrometer
stora sfäriska pärlor av mikroplast (polystyrenbaserade latex) eller esfenvalerat (bekämpningsmedel) eller en kombination av 1,0 mikrometer pärlor och
esfenvalerat. Efter några veckor insåg vi att det inte fanns så många vuxna
fjädermyggor som det borde ha varit. Det visade sig att vi inte hade blandat
tillräckligt med mat i bottenmaterialet vilket resulterade i att vi kunde undersöka vad som händer när exponering för dessa föroreningar sker under stressande förhållanden som faktiskt är mer naturliga. Naturligtvis gjorde vi
också ett andra experiment där de fick rikligt med mat. När förhållandena
var ideala, fanns det ingen effekt av föroreningarna på myggorna. Men när
maten var begränsande, minskade båda storlekarna av mikroplast och esfevalerat antalet larver som klarade sig till vuxen ålder. Dessutom överlevde
färre larver under födobegränsning vid närvaro av esfenvalerat, medan ingen
effekt på överlevnad hittades i närvaro av mikroplast. Denna studie visar att
ämnen som kan verka ofarliga faktiskt stressar djuren, ett faktum som uppenbaras när resurserna är begränsade. Den ljusa sidan är att mikroplasten
kan fungera som rengöringsmedel genom att suga upp esfenvaleratet.
Den fjärde och sista studien i denna avhandling syftar till att initiera en
diskussion om huruvida antihistaminföroreningar kan störa värmeregleringen hos vattenlevande organismer. Vi utsatte sötvattenslevande snäckor för
olika koncentrationer av det ofta använda antihistaminpreparatet difenhydramin under 24 timmar. Sedan studerade vi om det skett någon förändring av den högsta vattentemperatur som snäckorna kunde tolerera samt
vilken temperatur de föredrog, liksom hur lång tid det tog för dem att
komma “på fötter” igen efter att de lagts på sidan. Exponering för difenhydramin resulterade i att snäckorna tolererade högre temperaturer och
även att de tog mycket längre tid på sig för att komma “på rätt köl” igen. Hos
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människor fungerar antihistaminer genom att de blockerar receptorer för
neurotransmittorn histamin. Histaminer och deras receptorer finns inte bara
hos människor, utan även hos andra djur, exempelvis insekter och snäckor.
Mänskliga histaminer är inte enbart involverade i immunförsvaret (t.ex. vid
allergiska reaktioner) utan påverkar även graden av vakenhet, vilket är en av
anledningarna till att intag av difenhydramin leder till trötthet. Andra studier
har visat att detta skulle kunna vara fallet även för andra djur. Följaktligen
skulle en orsak till att snäckorna hade svårt att “resa sig” efter exponering av
difenhydramin kunna vara att de var påverkade av drogen. Studier på bananflugor har visat att en viss gen som påverkar vakenhet även har värmereglerande funktioner. Våra experiment på snäckor påvisade emellertid inte någon
förändring av deras temperaturpreferens efter exponering av difenhydramin,
även om de kunde uthärda högre temperaturer. Denna studie presenterar
belägg för att miljögifter kan påverka värmeregleringen hos vattenlevande
djur, vilket kan ha negativa konsekvenser för populationer som redan lever
under förhållanden som gränsar till vad de är anpassade till.
Sammanfattningsvis visar denna avhandling att relativt låga, inte dödliga,
koncentrationer av vissa föroreningar kan vara skadliga för sötvattenslevande insekter och snäckor. Studierna visar på flera effekter som har potential
att förändra populationsdynamiken i sötvattensekosystem, såsom minskad
överlevnad hos larver, fördröjd utveckling, minskad överlevnad till vuxenstadiet, försämrat predationsbeteende, både uppreglering och inhibering av
avgiftningsenzymer, ökad värmetolerans och försämrad förmåga att “komma
på rätt köl”. Två av de studerade arterna är landlevande som färdigutvecklade, och fyller viktiga funktioner även i detta stadium. Merparten av alla
observerade skadliga effekter som orsakades av miljögifter i experiment
inträffade vid sådana koncentrationer som regelmässigt uppmäts i naturen,
vilket följaktligen kan påverka den biologiska mångfalden i ekosystem både
i sötvatten och på land. Vi har kommit en bra bit på väg sedan publiceringen
av Rachel Carsons bok Tyst vår (svensk upplaga 1963), som kritiserade den
allmänna inställningen att “föroreningsproblem kan lösas genom utspädning”, och som ledde till utvecklingen av ekotoxikologin. Trots att nya miljögifter utvecklas i samma takt som gamla förbjuds, är de flesta idag överens
om att sötvatten är en livsviktig resurs och att sötvattensekosystem bör bevaras i största möjliga omfattning. Jag hoppas att denna avhandling kan bidra
till detta.
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