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1. Abstract 

Future climate projections suggest an increase in average temperature as well as a decrease in 

average winter rainfall across the south-west Australian floristic region (SWAFR). These adverse 

future climatic conditions will amplify the intensity and frequency of disturbance events such as 

drought and fire. Mediterranean forests within the SWAFR are prone to drought and fire 

disturbance and have acquired resilience through the selection of drought and fire tolerable 

species. However, shifts in the magnitude of these disturbance events could increase the recovery 

period required for recruitment, causing a shift in forest structure and decreasing the resilience of 

these ecosystems to future disturbances. In this study, we investigated above-ground biomass 

(AGB) accumulation of understorey plants at sites within the Northern Jarrah Forest (NJF) that 

have experienced different degrees of drought and fire intensity. We found that within a 

disturbance event, sites experiencing either more severe drought and fire intensities on average 

accumulated substantially more understorey AGB than sites subjected to both low drought and 

moderate fire intensities. This suggests that understorey species within the SWAFR gain a 

competitive advantage in high drought and fire severity conditions and are highly tolerant to 

drought. However, the increase in understorey AGB accumulation also suggests a shift in overall 

forest structure to more dense, compact, low-ground small stems, which is known to increase fire 

probability. An increase in fire probability shortens the time period between fire intervals and 

can detrimentally affect forest recovery, especially in drought conditions. Therefore, these 

changes may shift ecosystems within the SWAFR to a state of non-equilibrium and reduce 

resilience to future disturbance events.    

Keywords: Allometric models, Above-ground biomass (AGB), drought, fire, disturbance, 

understorey, resilience, Mediterranean.  

2. Introduction 

Disturbances include any events that shift ecosystems to a state of non-equilibrium, changing the 

community composition, structure, and diversity, as well as giving rise to new setups and 

allowing succession (Pickett et al. 1989; Battisti et al. 2016). A disturbance regime describes a 

stable, reoccurring series of disturbance events, which is consistent in spatial, temporal, physical 

and ecological characteristics (Battisti et al. 2016). These disturbance characteristics are partly 

dependent on intrinsic aspects of the environment, such as climatic and ecological processes, 
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species composition, chemical, and biological conditions (Bowman et al. 2009; Battisti et al. 

2016). However, established disturbance events such as droughts and fires also shape the 

environment and the species assemblages within it (Enright et al. 2014). Through environmental 

filtering these disturbances prevent the establishment of certain species, thereby creating 

community compositions and ecosystems which can recover and are more resilient to these 

disturbance regimes (Kraft et al. 2015; Peralta-Maraver et al. 2018).   

With key climatic characteristics consisting of extended summer droughts and cool, wet winters, 

Mediterranean ecosystems are intrinsically entwined with drought periods and reoccurring 

wildfires (Gill et al. 1981; Klausmeyer and Shaw, 2009). Regeneration and persistence of plants 

in Mediterranean disturbance-prone ecosystems depend on the disturbance regime, physiological 

traits of the plant species, post-disturbance environmental conditions and inter-specific 

interactions across multiple temporal and spatial scales (Gill, 1981; Groeneveld et al. 2002; 

Keith, 2002; Prieto et al. 2009; Valdecantos et al. 2009; Enright et al. 2014; Enright et al. 2015; 

Gower et al. 2015). Seasonal droughts are well pronounced in the “south-west Australian 

floristic region” (SWAFR) (Sullivan et al. 2012). This causes an accumulation of dry fuel, 

resulting in periodic fire disturbance for the last 20 – 30 million years; which has inevitably 

influenced plant community composition (Wittkuhn et al. 2011). Consistent fire regimes in this 

region has allowed for the selection of flora with certain fire-adaptative traits, such as fire-

triggered germination (serotiny), resprouting, thick bark, smoke-stimulated seed germination, 

and fire-stimulated flowering (Pausas & Keeley, 2009; Lamont & Downes, 2011; Lamont & He, 

2012; Rundel et al. 2016). Forest assembly containing species with post-disturbance regenerative 

traits and self-recruitment abilities, allow the forests within the SWAFR to return to a state 

similar to one prior to the disturbance event. Thus, allowing forests to regain important 

ecological functioning, such as carbon sequestration, and building resilience within these 

ecosystems to disturbance events (Holling, 1973; Gunderson, 2000). 

However, increased severity and frequency of these drought and fire events has made the forests 

within the SWAFR vulnerable to changes in community composition (Prieto et al. 2009; 

Matusick et al. 2013; Saura-Mas & Lloret 2014; Enright et al. 2015; Matusick et al. 2016). 

Recent reports published by the IPCC suggest a probable global temperate increase of 1.5°C 

within this century (IPCC, 2018). In the SWAFR particularly temperatures are predicted to rise 
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by an average of 3°C by 2059 and winter rainfall is predicted to decrease by 20mm per month 

(Andrys et al. 2017). This will likely lead to prolonged and intensified periods of drought; 

resulting in wildfire occurrences at higher severities, for longer periods of time, covering larger 

areas and with reduced fire interval periods (Moritz, 2012; Ruthrof et al. 2015; IPCC, 2018). 

Furthermore, multiple climate-induced disturbance events are more likely to coincide and 

interact with each other. Producing more areas within the SWAFR inflicited by both fire and 

drought disturbance. Although the effect of drought and fire disturbance on the community 

composition and ecosystem functioning in the SWAFR is well understood, the combined 

interactions of drought and fire disturbance, as well as the increased severity and frequency of 

both, can cause unexpected disturbance behaviour, alter return likelihood’s, or reduce ecosystem 

resilience (Buma, 2015; Gower et al. 2015). As such, these future climatic conditions will likely 

adversely influence the post-fire successional recovery of plant communities, and thus, forest 

community composition and biomass distribution.  

An altered disturbance regime in the SWAFR poses a risk of reduced ecological resilience due to 

the reductions in demographic performance of plant communities ("demographic shift") (Enright 

et al. 2015). Reduced demographic performance is a response of diminished vital rates (growth, 

survival, and fecundity) under warmer conditions with lower water availability (Bowman et al. 

2014b). Limited water availablity affects photosynthetic rates, biomass accumulation and 

efficiency of vital rates (Barber et al. 2000; Reddy et al. 2004; Ogaya & Peñuelas, 2007). 

Consequently, post-fire drought stress delays reproduction, decreases seed quantity, and reduces 

propagule availability (Enright et al. 2015). Post-fire, plant recruitment is predominantly 

achieved after one year from resprouters and seed banks that persisted in the soil or dispersed 

from unaffected patches (Keeley et al. 2006). However, increased drought reduces recruitment 

rates by lowering growth rates and increasing mortality; and thereby lengthening the fire interval 

time needed for self-replacement (Enright & Lamont, 1992; Enright et al. 1996; Matusick et al. 

2013; Enright et al. 2014). Resprouting species rely on carbohydrate reserves for regrowth. 

Limited carbon reserves make resprouting species particularly vulnerable to post-fire drought 

(Canadell & López-Soria, 2002). Subsequently, fire disturbance during drought and regrowth 

periods, before resprouters have adequately regained sufficient carbohydrate reserves, limits the 

amount of biomass resprouters can accumulate post-fire, causing “resprouter exhaustion 
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syndrome“ (Karavani et al. 2018). Additionally, heightened fire severity (temperature, speed of 

fire spread and percentage consumed) is known to reduce the viability of seeds, thus further 

reducing post-fire recruitment in the SWAFR (Maia et al. 2012). Larger fires covering a greater 

area also reduce recovery ability of species dependent on wind dispersal or other methods of 

dispersal for self-recruitment, due to the increased distance from source populations (Donato et 

al. 2009a; He et al. 2009). These effects, when combined, cause a post-fire recruitment shift 

(Enright et al. 2015), whereby, many species require a longer period between fire for recovery 

and self-recruitment. The significance of these ecological shifts are well illustrated in a study by 

Bowman et al. (2014a). This study investigated mountain ash forests in Victoria, southeast 

Australia after extensive wildfires burned 87% of the species range. Stands that were 

regenerating after fires occuring in 2003 and 2007 were reburned in subsequent wildfires six 

years later while the stands were still immature. In some stands this caused complete 

regeneration failure, while others exhibited a strong conversion of dominance to shrubs and 

grasses. Furthermore, this outcome is similar to that reported in a study by Odion et al. (2009) for 

wet Mediterranean-type forests in western North America. In summary, successful recruitment 

under more intense (larger and at higher temperatures) fires and droughts requires a longer fire 

interval but climate change is projected to cause more frequent fires. Climate change projections 

suggest that a 20% reduction in winter rainfall will increase the minimum inter-fire interval 

required for self-replacement by 50%, placing many species at risk of population decline 

(Enright et al. 2014). Therefore, potentially limiting the recovery ability of many native and 

endemic plants that have persisted for millions of years and changing forest species composition 

and carbon distribution.  

 

Post-fire plant regeneration is considered a process of "autosuccession", whereby plants with 

mechanisms of regeneration (resprouting, seed-banks) exhibit rapid recovery (Tárrega et al. 

1997) and as such determine future plant community composition (Keeley et al. 2005). However, 

increased drought has been found to slow down such post-fire successional recovery (Prieto et al. 

2009). In a study by Prieto et al. (2009), Mediterranean shrubland plots were subjected to post-

fire experimental drought conditions. An increased relative abundance of shrubs was observed 

compared to control plots containing a higher abundance of herbs and trees. This implies that 

post-fire drought conditions slow down the successional recovery and thus alter the biomass 
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distribution within forests (Prieto et al. 2009). Intrinsic mechanisms common in Meditterenean 

understorey species, which allows them to cope with summer droughts, may also contribute to 

this increase in shrub abundance. By adjusting the amount of leaf area exposed and by reducing 

gas exchange via stomatal closure mechanisms regenerating shrub species limit drought induced 

mortality and become more resilient to the effects of post-fire drought (Tenhunen et al. 1990). As 

such, they are able to accumulate more biomass once water availablity increase. Another 

possible underlining cause for such a tree to shrub conversion is the reduction in canopy volume. 

Drought not only causes tree mortality through hydraulic failure, carbon starvation and biotic 

attack (Hartmann et al. 2018) but also hinder canopy recovery by limiting photosynthesis and 

thus reducing carbon uptake and recovery (Barber et al. 2000; Reddy et al. 2004; Ogaya & 

Peñuelas, 2007). Subsequently, the reduced canopy volume in response to drought conditions, is 

advantageous for shrubs and other understorey vegetation. The lack of canopy volume allows 

more light to pass to the shrub and understory plants, thereby permitting them to thrive without 

light availability being a limiting factor for growth (Saura-Mas & Lloret, 2014). Dimished vital 

rates of tree species may also give understorey species a competitive advantage for water and 

nutrients (Caldeira et al. 2015). 

 

Forest conversion from tree to shrub species dominance is especially possible with more frequent 

and severe (higher peak temperature) fire regimes and post-fire drought conditions (Collins & 

Roller 2013; Lauvaux et al. 2016; Keyser et al. 2020). Collins and Roller (2013) studied the 

successional recovery of forests in the northern Sierra Nevada – an ecosystem historically 

associated to low-moderate fire severity – after a particularly severe (standing-replacing) fire. 

This study investigated the succesional recovery after a particularly severe (stand-replacing) fire. 

Approximately 80% of all plots demonstrated no tree regeneration, whereas shrub cover was 

generally high, with 60% of plots exceeding 60% cover. Continuous disturbance stress combined 

with the consequences of reduced recovery and self-recruitment ability of tree species will likely 

result in a shift in forest species composition. This shift is likely to convert tall open forests, 

dominated by tree species, to short closed forests dominated by shrubs and short multi-stemmed 

regenerative species as tree species struggle to recovery and shrub species thrive.  (Saura-Mas & 

Lloret, 2014; Karavani et al. 2018; Walden et al. 2019). This change in forest structure will result 

in a shift of biomass distributions, to predominately to small, multi-stemmed individuals, thereby 
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shifting biomass distribution more closely to the ground (Prieto et al. 2009; Saura-Mas & Lloret, 

2014; Matusick et al. 2016). 

 

The Northern Jarrah Forest (NJF) of the SWAFR is dominated by two resprouting tree 

species, Eucalyptus marginata and Corymbia calophylla. Post-disturbance regrowth from these 

species is represented by small, multi-stemmed individuals that have experienced partial 

mortality (Matusick 2013; Walden et al. 2019). Reduced recovery and growth rate of E. 

marginata and C. calophylla in post-fire drought conditions (Bowman et al. 2014b; Enright et al. 

2015) as well as the dominance of shrub species (Saura-Mas & Lloret, 2014) may likely result in 

a prolonged shift in biomass distribution to more low ground, small stems (Matusick 2016; 

Walden et al. 2019). However, this structure of biomass distributions within forests is known to 

increase the occurrence and severity of further fire disturbance due to the compact density of low 

ground biomass. This creates a positive feedback where recovering post-fire forests exhibit an 

increase in flammability (Kitzberger et al. 2012; Zylstra 2018). Furthermore, drought-induced 

die-back is known to further accelerate fire frequencies and increase fire intensities, due to the 

increase in dry dead fuel material (Ruthrof et al. 2015). As such, fire spread is estimated to be 

30% higher in plots subjected to drought-induced die-back. Trees that have fully died will 

eventually collapse to the forest floor and contribute to the shift to more compact and low ground 

biomass distribution (Donato et al. 2016a); thereby further increasing flammability and fire 

spread. As a result, the combined biomass shift due to increased drought and fire severity 

increases the probability of fire in forests of the SWAFR. This change may subsequently, convert 

these forests from carbon sinks to carbon sources (Walden et al. 2019), shift species 

composition, dampen forest productivity and reduce the ecological resilience of forests within 

the SWAFR (Gunderson, 2000). 

By acting as natural carbon sinks via carbon sequestration, forested areas are crucial in 

combating climate change (Bellassen & Luyssaert, 2014). Forested areas account for 30% of the 

global total land area (FAO, 2018) and have been estimated to sequester around 2.3 pentagrams 

of carbon (Pg C) annually  (Pan et al. 2011). As such, any loss in forest productivity could be 

detrimental to achieving targets established by the United Nations that form the Intended 
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Nationally Determined Contributions (INDC’s) of 187 countries aiming to reduce atmospheric 

carbon concentrations (FCCC, 2016).  

To scientifically investigate shifts in forest biomass distribution within forests, allometry is often 

used to estimate the above-ground biomass (AGB) of plants. Typically, allometrically-based 

biomass estimates are calculated by applying models to field measurements such as stem 

diameter or plant height for tree species (Picard et al. 2012; Paul et al. 2016). Allometry is rarely 

applied to understorey species and as such there are very few species-specific allometric 

equations for which to calculate AGB. However, estimating the AGB of understorey plants is 

very important to assess forest biomass distribution, structure and thus resilience to future 

climatic conditions and more severe disturbance regimes. One issue is that there is a vast number 

of understorey species, and as such generalised allometric models are used. These generalised 

allometric models cover a range of different species and are therefore more prone to inaccuracies 

in AGB prediction. Another issue is that it can be difficult to measure the diameter of all 

understorey plants within a plot in order to estimate the AGB, due to the high number of 

understorey individuals. As such it is important to look for new methods of estimating AGB for 

understorey plants in order to fully investigate the effects the increased severity of disturbance 

events on understorey biomass accumulation. 

In this study we (1) develop allometric relationships for SWAFR understorey plants to 

calculate AGB using height and canopy volume measurements and use these relationships 

to (2) investigate the combined effects, as well as, the magnitude to which increased 

drought and fire severity affect post-fire understory biomass accumulation of forests within 

the SWAFR. 

Expected Results 

Stress from the more severe drought and fire disturbance will likely cause a reduction in tree 

recovery, growth, reproduction and canopy volume. In response, understorey species will 

perform better due to drought tolerance mechanisms and thus faster recovery time, as well as, 

increased light permeability. This will enable more understorey plants to thrive, causing a shift in 

biomass distribution to more low ground, small, multi-stemmed individuals. Thereby causing a 

change in carbon distribution dynamics within forests and reducing the ecosystems resilience 

against further disturbances. 
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3. Methods 

Study Site – Northern Jarrah Forest (NJF) 

The Northern Jarrah Forest (NJF) is located south of Perth near Dwellingup within the SWAFR 

and spans an area of 1,127,600 ha (Havel, 1975). The forest is composed mainly of 30 - 40m tall 

evergreen tree species with a highly diverse understorey (Dell & Havel, 1989). Rainfall occurs 

mainly between April and October, and seasonal droughts typically last four to seven months 

(Bates et al. 2008). Rainfall varies across the forest, ranging between >1100 mm yr-1 in the west 

to around 700 mm yr-1 in the north east (Figure 1; Gentilli, 1989). Additionally, areas near 

granite outcrops and with shallow bedrock depths are thought to hold a higher drought 

vulnerability because of their reduced water holding capacity, thereby creating a natural gradient 

of low to high drought probability (Figure 1; Harper et al. 2009; Brouwers et al. 2013). Low 

intensity planned fires are also implemented at 6 to 8-year intervals to reduce fuel-load build-up 

(Burrows & McCaw, 2013). 

Figure 1. Rainfall gradient from east to west as shown by isohyets, connecting area with the 

same amount of rainfall with yellow lines. The NJF area is shown in grey shading. Data source: 

Australian Bureau of Meteorology, Dwellingup Station: 009538 (Walden et al. 2020). 
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Disturbances in the Northern Jarrah Forest (NJF) 

The consequential effects of climate change are evident within the SWAFR, with a 10-15% 

reduction in annual rainfall and increase in temperature of 0.6°C since 1970 (Figure 2; Andrys et 

al. 2017; Liu et al. 2019). Following a heatwave event in 2011, the NJF was subjected to acute 

drought, which led to mass canopy collapse, increased mortality and changes in plant community 

composition, forest structure and carbon distributions (Matusick et al. 2013; Matusick et al. 

2016; Walden et al. 2019). Subsequently, the devastating 2016 Yarloop wildfire burnt 36 000 ha 

of the NJF, affecting sites inflicted with both high and low drought probability at different fire 

intensity levels (Walden et al. 2020a, Walden et al. 2020b). This has enabled the isolation of 

drought and fire severity as singular variables by the selection of study sites affected by a mix of 

both high and low drought and fire severity. This “natural experiment” allows us to measure the 

independent and interactive effects of drought and fire on changes in carbon distribution. 

Figure 2. Graph exhibiting variance in mean annual precipitation (mm) and mean annual max 

temperature (°C) for Dwellingup from 1957 to 2019. Blue dotted lines represent mean annual 

rainfall and mean annual maximum temperature. Grey dots indicate years pre-2000 and red dots 

indicate post-2000 years. Data source: Australian Bureau of Meteorology, Station number: 

009538. 
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Study Design and Plot Layout 

After the extreme heatwave of 2011, Walden et al. (2019) measured regrowth in plots, 

comparing how recovery, plant self-recruitment, community composition and carbon distribution 

differed as a result of these additional stresses. This study sampled 20 plots each containing four 

(6 x 6m or 8 x 8m) subplots, covering a high and low drought gradient, based on aerial survey of 

canopy dieback (Walden et al. 2019). After the 2016 Yarloop fire, 17 additional plots were 

paired with the 20 existing plots. These additional plots were created to represent moderate to 

high fire severity scenarios, thereby creating 37 plots (Walden et al. 2020a, Walden et al. 2020b). 

Fire severity for each plot was categorised by observations. Severe surface fire with canopy 

scorch indicated moderate fire severity, and crown fire with complete canopy consumption 

indicated high fire severity (Walden et al. 2020a, Walden et al. 2020b). In this study, data was 

collected from 25 of the aforementioned plots to cover a range of different fire severities and 

drought scenarios (Figure 3), 25 in 2016 and 25 revisited in 2019. Fewer plots were visited in our 

study due to mining and logging activity at certain sites. Each plot was composed of four sub 

plots (6 x 6m or 8 x 8m), each of which were marked for later study. The subplots were set out 

systematically within stratified clusters. Within plots, subplots were separated by a distance of 

50m, with a predetermined centre subplot and three subplots at 0, 120 and 180 degrees from the 

centre subplot (Figure 4). Each subplot consisted of centre pole which was used to mark the area 

for future study. A quadrat was built around this pole by running out measuring tapes to either 

3m or 4m the centre at 0°, 90°, 180° and 270°; making a 6x6m or 8x8m square quadrat. Whether 

a 6x6m or 8x8m quadrat was used dependent on the study by Walden et al. (2019; 2020a; 

2020b), which strongly collaborated with our study. In the Walden et al. (2019; 2020a; 2020b) 

study, quadrats had a variable size depending on tree stocking rate.  
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Figure 3. Location of the 25 plots visited in 2016 and revisited in 2019 in the NJF, southwest 

Australia. Fire severity conditions is indicated by colour on the map, and was classified by burn 

area; Low 18%, Mixed 13%, Moderate 43%, High 26%. Drought conditions at each site is 

indicated by shape (triangle = high drought, circle = low drought) and fire severity is indicated 

by colour (high severity = black, moderate severity = blue). Patches of unclassified areas are a 

combination of farmland, mining and mining rehabilitation.  

Figure 4. Layout of the subplots illustrating a centre subplot separated by 50m from the three 

other subplots at 0°, 120° and 180° 
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Field Data Collection 

This study was conducted to further elucidate the magnitude by which understorey regrowth and 

biomass accumulation is influenced by drought and fire. The same subplots were used in 2016 

and 2019 (25 plots visited in 2016 and revisited in 2019) by recreating quadrats around the 

previously marked centre poles. The quadrats defined the area in which understorey plants were 

measured, including shrubs, sedges, flowering plants, herbs and grasses. All plants within the 

quadrat were identified to species level. Thereafter, the canopy cover (width x width) per 

individual was measured by estimating the area of the canopy cover as an area of a rectangle. All 

individuals of each species were also counted and measured for height values using a measuring 

tape. For individuals within species that were very abundant in a subplot, or were 

indistinguishable from each other, a total species canopy cover was estimated as an area of a 

rectangle. Total canopy cover per individual was thereafter calculated by dividing the species 

canopy cover by the number of individuals present from that species. Canopy volume for each 

individual was then measured by multiplying the individual canopy cover by the individual 

height measurement. The height and canopy volume data collected was later used to calculate the 

total AGB within a subplot. Allometric models created in this study enabled estimation of AGB 

values from height and canopy volume measurements.  

Creation of Allometric Models for AGB Calculation Based on Height/Canopy Volume 

Measurements  

In order to estimate AGB values for understorey plants, stem diameter measurements are taken 

and compared against pre-existing AGB by stem diameter relationships (Paul et al. 2016). 

However, the large abundance of individual plants per subplot and the vast number of stems of 

some plants prevented us from measuring the diameter of each stem within a subplot and 

accurately calculating the total AGB per subplot. Therefore, the diameter at 10cm stem height 

(D10), was measured for all stems from a subset of 1832 individuals. We also measured the 

height and canopy volume of these same 1832 individuals. We measured D10 of plants inside the 

subplot and chose individuals to cover a range of different height and canopy volume classes. 

We used the D10 measurement of each stem in allometric models published in Paul et al. (2016) 

(Table 1) to estimate the AGB for each individual. The equations used for all these D10 

measurements were specific to the species functional type (Table 1) to increase the accuracy of 
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the estimated AGB values (Paul et al. 2016). The AGB values for all stems of an individual plant 

were summed to estimate the total AGB of that plant. D10 measurements for AGB estimations 

were taken only from individuals that exhibited no signs of necrosis, grazing/breakages, fire 

damage, etc. For non-woody rosette or cryptophytic species that form their buds underground or 

on the ground surface (e.g. Tetraria capillaris, Lepidosperma tenue and Platysace compressa), 

an average stem diameter was approximated, and a stem count was measured instead. The 

estimated AGB values and the height/canopy volume measurements per plant were then used to 

create various linear regression models (Table 2). Thereby, creating allometric models according 

to the height or canopy volume values for each species. These species-specific allometric models 

(Table 2) create a more simplistic method of calculating AGB for a variety of common species 

within the SWAFR by using height or canopy volume measurements to calculate AGB instead of 

D10 measurements. We also generated allometric models for AGB estimation of generalised 

plant growth forms based on height/canopy volume against AGB. We grouped species according 

to their tissue type (e.g. woody, semi-woody and non-woody) and on their life form based on the 

Raunkiær system (Raunkiær 1934). We then used these generalised allometric models to 

estimate the AGB of uncommon species found within the plot or for species where accurate and 

representable species-specific AGB by D10 linear regression models could not be produced.  

 

Table 1. Allometric equations used to estimate AGB (kg) from D10 measurements (Paul et al. 

2016). To calculate the AGB of an entire individual plant, the sum of all AGB values per stem 

were calculated or the AGB values were multiplied by the stem count.       

 

Functional Type Group Criteria Equation Implemented 

FShrub 

For shrubs and relatively short trees (typically 

< 2 m height) generally multi-stemmed or 

highly branched, with a relatively small (< 7 

cm) stem diameter. 

2.428(lnD10)-3.007 

FMulti 

For multi-stemmed hardwood (angiosperm) 

trees, including mallees from the genus 

Eucalyptus, and trees from the genus Acacia. 

2.474(lnD10)-2.757 
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The height or canopy volume values collected from all individuals (20,074 individual plants) 

within the subplots were implemented to the species-specific allometric models created in this 

study to estimate the AGB of each plant (Equation 1; Table 2).  

 

Equation 1.  Allometric linear equation to calculate the AGB from a plants height or canopy 

volume (x), using the slope (m) and intercept (b) from species-specific linear regressions. 

Whether height or canopy volume was used in this AGB equation was dependent on the growth 

form of the species or the R squared value of the linear regression. For example, for “ground-

hugging” species which commonly grew to a certain height, but varied in their canopy volume, a 

linear equation of canopy volume against AGB was used (e.g. Banksia dallanneyi). However, 

without harvesting plants and measuring the actual AGB of individuals, it is impossible to assess 

whether these height/canopy volume allometric models provide accurate AGB estimates. 

Analysis of linear relationships of D10 against height/canopy volume measurements were carried 

out for all allometric models to assess whether height/canopy volume measurements are a 

reasonable predictor of D10 values, and therefore a reasonable way to estimate AGB values and 

characterise changes in forest structure after disturbances. 

The estimated AGB values of all individuals were then summed to calculate a total estimated 

AGB within the subplot understorey. Thereafter biomass could be scaled to grams per square 

meter by dividing the total biomass within a subplot by the subplot’s area in meters squared. 

Averages per condition (high/low drought probability and high/moderate fire severity) were 

calculated and the difference in biomass per square meter in plots visited in 2019 and 2016 was 

calculated to estimate the amount of growth/biomass accumulation per subplot and per condition. 

The figure below illustrates how data was used and transformed within our study to better 

elucidate the flow of data generation (Figure 5). 

 

 

 

 

ln(AGB) = (ln(x))m+b 
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Figure 5. Flow diagram illustrating how data was used and generated within our study. 

 

 

 

 

Plant D10, height and canopy 

volume measurements were 

collected from 1832 individuals 

within subplots. 

AGB values were estimated 

using the D10 measurements of 

all stems from the 1832 

individuals and allometric 

models published in Paul et al. 

(2016). 

Linear regression of the 

calculated AGB values and the 

height/canopy volume 

measurements from the same 

1832 individuals was 

performed. This created 

allometric models where 

height or canopy volume could 

be used to calculate AGB per 

plant. 

Height and canopy volume 

measurements of all plant 

individuals (20074) measured 

in 2016 and 2019 from all 

subplots within this study. 

AGB estimations for all plants 

from all subplots in this study 

using either height or canopy 

volume measurements and the 

species-specific and 

generalised allometric models 

created in this study. 

Total AGB per subplot is 

estimated by summing all the 

AGB values of all plants within 

a subplot. AGB per square 

meter (kg/m2) was calculated 

by dividing the total AGB per 

subplot by the subplot size. 
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Statistical Analysis 

We used simple linear regression of D10 against height/canopy volume, as well as, estimated 

AGB against height/canopy volume for all generalised and species-specific allometric models 

created in this study. Within this linear regression the p-values present whether height/canopy 

volume measurements are a reasonable indicator of D10 values, as well as, whether there is a 

relationship between the AGB calculated from D10 measurements and height/canopy volume 

measurements of the same plants. Furthermore, the R2 values present the degree to which AGB 

and height/canopy volume measurements follow this model. All together the p-value and R2 

value tell us how well the height/canopy volume data predicts the AGB for understorey plants 

within the subplots.      

Linear regressions of D10 against height/canopy volume, as well as, estimated AGB against 

height/canopy volume with a p-value >0.05 were not used to calculate AGB, instead generalised 

allometric models were used. Similarly, the decision to calculate AGB using either height or 

canopy volume measures was often based on which linear regression represented the higher R2 

output. The estimated AGB values per square meter in all subplots were tested for homogeneity 

of equal variance within different drought and fire severity conditions using a Levene Test. 

Kruskal Wallis tests were performed on all the datasets to compare the variances of AGB kg/m2 

values in each subplot within different drought and fire severity conditions and determine if the 

magnitude and combination of these disturbance events significantly influences biomass 

accumulation in understorey plants. Multiple pairwise comparison tests (Wilcox Test) with a 

95% confidence-level were thereafter performed to illustrate which pairs of conditions are 

significantly different to each other in terms of AGB. All models, data analysis and statistical 

tests were performed in RStudio 3.5.1 (RStudio Team 2018) with the packages “plyr” (Wickham 

2011), “tidyverse” (Wickham et al. 2019), “dplyr” (Wickham et al. 2020), “car” (Fox & Sanford 

2019) and “ggpubr” (Kassambara 2020). 

Biodiversity Analysis 

Further analysis was performed to investigate any changes in biodiversity due to drought and fire 

severity, using the 6-months and three years post-fire data. Abundance, richness, diversity 

(Shannon and Inverse Simpson Index) and evenness (Simpson’s Evenness) were computed for 

each subplot. Subsequent Levene Tests were performed as well as, one-way ANOVA (one-
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way analysis of variance) and multiple comparison tests (Tukey HSD) with a 95% family-wise 

confidence-level. Ordinations (NMDS and CCA) were also performed in RStudio 3.5.1 (RStudio 

Team 2018 using the “reshape2” (Wickham 2007), “vegan” (Oksanen et al. 2019) and “scales” 

(Wickham and Seidel 2019) package. 

4. Results 

Allometric Species-Specific Linear Regression Models  

Positive correlations were created for most linear regressions D10 against height/canopy volume 

and AGB against height and canopy volume (Figure 6). Where negative correlations were 

produced, this was likely due to the lack of representable sample numbers. Likewise, the 

occurrence of too many small D10 measurements (~0.3cm) used to create AGB estimates could 

influence correlation directions, as these tend to not conform to biomass scaling laws typical of 

woody plants given relatively little secondary thickening (Niklas 2004; Enquist et al. 2007; Paul 

et al. 2016). Results from the linear regressions are illustrated below (Table 2), including the 

allometric models (linear equation) created in this study to approximate AGB from plant height 

and canopy-volume measurements for a range of different species. Allometric models where 

linear regression of D10 against height/canopy and AGB against height/canopy volume produced 

p-values >0.05 were not included in our study. 

 

Figure 6.  Linear regression of AGB against height measurements (left) and AGB against 

canopy volume measurements (right) for all 1832 plants measured in this study to create 

allometric models whereby height can be used to estimate AGB.  
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Table 2. Linear regression outcomes for allometric models of height/canopy-volume against AGB, including the 

allometric linear equations for a range of species used to approximate AGB from height and canopy-volume 

measurements. 

 

Allometric Group 
p – 

Value 

R 

squared 
Linear Equation 

Acacia alata: Height <0.05 0.52 ln(AGB)=3.984(ln(x))+-17.678 

Acacia browniana: Height <0.001 0.62 ln(AGB)=2.1279(ln(x))+-7.9756 

Acacia browniana: Canopy Volume <0.001 0.66 ln(AGB)=0.68592(ln(x))+-6.82469 

Acacia lateriticola: Height <0.001 0.60 ln(AGB)=2.1845(ln(x))+-7.6054 

Acacia lateriticola: Canopy Volume <0.001 0.59 ln(AGB)=0.64442(ln(x))+-5.81108 

Acacia obovata: Height <0.05 0.36 ln(AGB)=2.973(ln(x))+-12.364 

Acacia obovata: Canopy volume <0.01 0.47 ln(AGB)=1.0367(ln(x))+-11.6523 

Acacia pulchella: Height <0.05 0.35 ln(AGB)=1.708(ln(x))+-8.681 

Adenanthos barbiger: Height <0.001 0.62 ln(AGB)=2.599(ln(x))+-8.2681 

Adenanthos barbiger: Canopy Volume <0.001 0.62 ln(AGB)=0.78686(ln(x))+-7.57963 

Astroloma ciliatum: Height <0.001 0.51 ln(AGB)=1.3266(ln(x))+-4.4183 

Astroloma ciliatum: Canopy Volume <0.001 0.51 ln(AGB)=0.5001(ln(x))+-4.4675 

Banksia dallanneyi: Height <0.001 0.70 ln(AGB)=2.6982(ln(x))+-6.8576 

Banksia dallanneyi: Canopy Volume <0.001 0.87 ln(AGB)=0.81707(ln(x))+-7.16269 

Banksia grandis: Height <0.001 0.52 ln(AGB)=1.5676(ln(x))+-3.8895 

Banksia grandis: Canopy Volume <0.001 0.71 ln(AGB)=0.67337(ln(x))+-4.99364 

Boronia crenulata: Height <0.001 0.46 ln(AGB)=1.3145(ln(x))+-4.4534 

Boronia crenulata: Canopy Volume <0.001 0.60 ln(AGB)=0.46426(ln(x))+-4.29946 

Bossiaea aquifolium: Height <0.001 0.55 ln(AGB)=2.0808(ln(x))+-8.5352 

Bossiaea aquifolium: Canopy Volume <0.001 0.71 ln(AGB)=0.81381(ln(x))+-8.69812 

Corymbia calophylla: Height <0.001 0.85 ln(AGB)=2.2574(ln(x))+-7.1196 

Corymbia calophylla: Canopy Volume <0.001 0.86 ln(AGB)=0.8674(ln(x))+-7.4691 

Eucalyptus marginata: Height <0.001 0.79 ln(AGB)=2.6078(ln(x))+-7.5514 

Eucalyptus marginata: Canopy Volume <0.001 0.86 ln(AGB)=0.9078(ln(x))+-7.49583 

Grevillea bipinnatifida: Canopy Volume <0.001 0.51 ln(AGB)=0.7532(ln(x))+-7.4927 

Hakea amplexicaulis: Height <0.001 0.87 ln(AGB)=2.28362(ln(x))+-7.96155 

Hakea amplexicaulis: Canopy Volume <0.001 0.82 ln(AGB)=0.81409(ln(x))+-8.36918 

Hemiandra glabra: Height <0.001 0.49 ln(AGB)=1.0604(ln(x))+-3.7399 

Hemiandra glabra: Canopy Volume <0.01 0.51 ln(AGB)=0.34783(ln(x))+-3.50455 

Hibbertia amplexicaulis: Height <0.001 0.38 ln(AGB)=1.1831(ln(x))+-4.0966 

Hibbertia amplexicaulis: Canopy Volume <0.001 0.53 ln(AGB)=0.33458(ln(x))+-3.56106 

Hibbertia commutata: Height <0.001 0.51 ln(AGB)=1.4254(ln(x))+-4.2202 

Hibbertia commutata: Canopy Volume <0.001 0.71 ln(AGB)=0.52296(ln(x))+-4.65904 

Hibbertia hypericoides: Height <0.001 0.32 ln(AGB)=0.6694(ln(x))+-1.8026 

Hibbertia hypericoides: Canopy Volume <0.001 0.49 ln(AGB)=0.42586(ln(x))+-4.00353 

Hypocalymma angustifolium: Height <0.001 0.68 ln(AGB)=1.4086(ln(x))+-5.1938 

Hypocalymma angustifolium: Canopy Volume <0.001 0.80 ln(AGB)=0.44493(ln(x))+-4.53718 
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Hypocalymma robustum: Height <0.001 0.61 ln(AGB)=1.2505(ln(x))+-4.1843 

Hypocalymma robustum: Canopy Volume <0.001 0.60 ln(AGB)=0.44898(ln(x))+-4.03392 

Lasiopetalum floribundum: Height <0.001 0.65 ln(AGB)=1.6122(ln(x))+-5.6589 

Lasiopetalum floribundum: Canopy Volume <0.001 0.79 ln(AGB)=0.59242(ln(x))+-5.84105 

Lechenaultia biloba: Canopy Volume <0.001 0.86 ln(AGB)=0.51696(ln(x))+-4.40099 

Leucopogon propinquus: Height <0.05 0.41 ln(AGB)=1.2957(ln(x))+-3.9714 

Leucopogon propinquus: Canopy Volume <0.01 0.58 ln(AGB)=0.4912(ln(x))+-4.4314 

Leucopogon verticillatus: Canopy Volume <0.001 0.68 ln(AGB)=0.59753(ln(x))+-6.07947 

Macrozamia riedlei: Height <0.001 0.57 ln(AGB)=1.1525(ln(x))+-2.3404 

Macrozamia riedlei: Canopy Volume <0.001 0.71 ln(AGB)=0.32473(ln(x))+-.56084 

Mirbelia dilatata: Height <0.001 0.47 ln(AGB)=2.0101(ln(x))+-9.781 

Mirbelia dilatata: Canopy Volume <0.001 0.66 ln(AGB)=0.76767(ln(x))+-8.21252 

Opercularia hispidula: Height <0.01 0.22 ln(AGB)=1.3214(ln(x))+-4.3966 

Opercularia hispidula: Canopy Volume <0.001 0.48 ln(AGB)=0.6414(ln(x))+-6.2726 

Phyllanthus calycinus: Height <0.001 0.52 ln(AGB)=1.2994(ln(x))+-4.381 

Phyllanthus calycinus: Canopy Volume <0.001 0.61 ln(AGB)=0.50694(ln(x))+-4.83996 

Pimelea spectabilis: Height <0.01 0.67 ln(AGB)=5.514(ln(x))+-24.05 

Pimelea spectabilis: Canopy Volume <0.001 0.90 ln(AGB)=1.0073(ln(x))+-10.7454 

Trymalium ledifolium: Canopy Volume <0.001 0.45 ln(AGB)=0.57061(ln(x))+-5.73985 

Non-Woody Chamaephytes: Canopy Volume <0.001 0.50 ln(AGB)=2.903(ln(x))+-3.88023 

Non-Woody Hemicrytophytes: Height <0.001 0.44 ln(AGB)=1.1774(ln(x))+-3.6112 

Non-Woody Hemicrytophytes: Canopy Volume <0.001 0.58 ln(AGB)=0.45716(ln(x))+-4.08095 

Semi-Woody Phanerophytes: Canopy Volume <0.001 0.32 ln(AGB)=0.273(ln(x))+-0.1242 

Woody Erect Chamaephytes: Height <0.001 0.50 ln(AGB)=1.30024(ln(x))+-4.48282 

Woody Erect Chamaephytes: Canopy Volume <0.001 0.70 ln(AGB)=0.57829(ln(x))+-5.51932 

Woody Hemicrytophytes: Height <0.001 0.50 ln(AGB)=1.5892(ln(x))+-4.9098 

Woody Hemicrytophytes: Canopy Volume <0.001 0.71 ln(AGB)=0.62258(ln(x))+-5.69642 

Woody Phanerophytes: Height <0.001 0.70 ln(AGB)=1.9925(ln(x))+-5.5056 

Woody Phanerophytes: Canopy Volume <0.001 0.80 ln(AGB)=0.79512(ln(x))+-6.37901 

Woody Prostrate Chamaephytes: Height <0.001 0.44 ln(AGB)=1.1285(ln(x))+-3.9327 

Woody Prostrate Chamaephytes: Canopy Volume <0.001 0.56 ln(AGB)=0.39668(ln(x))+-3.91384 

Woody Species: Height <0.001 0.50 ln(AGB)=1.36352(ln(x))+-4.04294 

Woody Species: Canopy Volume <0.001 0.69 ln(AGB)=0.59137(ln(x))+-5.42994 

Non-Woody Species: Height <0.001 0.26 ln(AGB)=0.9698(ln(x))+-3.3367 

Non-Woody Species: Canopy Volume <0.001 0.57 ln(AGB)=0.45815(ln(x))+-4.40674 

All Species: Height <0.001 0.53 ln(AGB)=1.43386(ln(x))+-4.6312 

All Species: Canopy Volume <0.001 0.71 ln(AGB)=0.5969(ln(x))+-5.47062 
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Understorey Biomass Accumulation 

Average live biomass per meter square (kg/m2) varied from 0.29 kg/m2 to 0.68 kg/m2 in 2016 

(Figure 7) (six months after the fire) and 5.03 kg/m2 to 13.34 kg/m2 in 2019 (Figure 8) (three 

years after the fire) in each subplot. Average live biomass accumulation per meter square varied 

from 4.75 kg/m2 to 13.43 kg/m2 between these three years (Figure 9). Mean understorey AGB 

kg/m2 six-months post fire (2016) was largest in the high drought and moderate fire severity 

condition (0.67 kg/m2) and lowest in the low drought moderate fire severity conditions (0.29 

kg/m2) (Figure 7). Average biomass accumulation between the three years was highest in sites 

with high drought probability, with high drought, high fire severity sites having the highest 

average of biomass accumulation (13.02 kg/m2). The lowest average of biomass accumulation 

over the three years occurred in sites with low drought, moderate fire severity conditions (5.11 

kg/m2) (Figure 9). This is reflected in the average understorey AGB kg/m2 values calculated for 

2019, which illustrated higher biomass accumulation in the high drought/high fire severity 

conditions (13.34 kg/m2), as well as, the lowest average biomass accumulation in the low 

drought/moderate fire severity conditions (5.03 kg/m2) (Figure 8).   

Statistical analysis of this data did not find homogeneity of equal variance in between different 

drought and fire conditions (Levene test) for the biomass calculated in 2019 and biomass 

accumulated between 2016 – 2019. A non-parametric test (Kruskal-Wallis) was therefore used 

for statistical analysis of means. The outcomes of the Kruskal-Wallis test illustrated significant 

variation in average AGB (kg/m2) in all the data sets (p=<0.05) (Table 3).  Multiple pairwise 

Wilcox tests illustrated where AGB kg/m2 significantly differed in mixed drought and fire 

severity conditions (Figure 7, Figure 8 & Figure 9).  
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Figure 7.  Boxplot indicating mean (black circles) and median (black line) AGB kg/m2 values 

for understorey species measured in 2016. Whiskers illustrate the range of AGB kg/m2 values, 

and the boxes represent values within the 50th percentile. Multiple pairwise Wilcox test outcomes 

are shown above the whiskers of the correspond. 

 

 

Table 3. Output of the Kruskal Wallis Tests analysing the variance of AGB kg/m2 in 

subplots in different drought and fire severity conditions (AGB ~ Drought Probability * Fire 

Severity).  

 Chi-Squared Df P-Value 

2016 Data 12.39 3 <0.01 

2019 Data 18.85 3 <0.001 

Growth Data (2016 – 2019) 19.36 3 <0.001 
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Figure 8.  Boxplot indicating mean (black circles) and median (black line) AGB kg/m2 values 

for understorey species measured in 2019. Whiskers illustrate the range of AGB kg/m2 values, 

and the boxes represent values within the 50th percentile. Multiple pairwise Wilcox test outcomes 

are shown above the whiskers of the correspond. 

Figure 9.  Boxplot indicating mean (black circles) and median (black line) AGB kg/m2 values 

accumulated by understorey species between 2016 -2019. Whiskers illustrate the range of AGB 

kg/m2 values, and the boxes represent values within the 50th percentile. Multiple pairwise Wilcox 

test outcomes are shown above the whiskers of the correspond. 
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Biodiversity Analysis 

The most dominant species across all conditions was Bossiaea aquifolium with 6770 individuals 

being measured in all subplots in 2019; this was followed by Acacia latericola (921 individuals), 

Lasiopetalum floribundum (659 individuals). In 2016 (six months post fire), the most abundant 

species across all conditions was Banksia dallanneyi with 571 individuals, followed by 

Xanthorrhoea gracilis (281 individuals) and Phyllanthus calycinus (180 individuals).  

Visual analysis did not illustrate much variation in mean AGB kg/m2 portions of different 

vegetation types between different drought and fire conditions for data collected in 2016 and 

2019. However, the results do illustrate a substantial decrease in the portion of palmoid biomass 

and an increase in the portion of woody understorey biomass between 2016 – 2019, relative to 

the total biomass (Figure 10 & Figure 11).    

Figure 10. Average proportions of the biomass of different vegetation types per subplot, 

measured in 2016.  
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Figure 11. Average proportions of the biomass of different vegetation types per subplot, 

measured in 2019. 

For the plants measured in 2019, calculated species abundance, richness, diversity (Shannon and 

Inverse Simpson Index) and evenness (Simpson’s Evenness) were found be homogeneous in 

variance between different drought and fire conditions (Levene Test). Subsequent one-way 

ANOVA testing showed significant differences in the species abundance and species richness 

across plots in difference drought and fire conditions (p = <0.001 & <0.05, respectively). 

However, no significant differences were presented across plots for a variety of calculated 

diversity and evenness index’ (Shannon’s Diversity Index, Inverse Simpson’s Index, Simpson 

Evenness). Species abundance and species richness was significantly higher in high drought/high 

fire severity conditions compared to low drought/moderate fire severity conditions (p = <0.001 

& <0.05, respectively). Mean species abundance and richness were visually higher in sites with 

high drought probability compared to low drought probability and higher in sites inflicted with 

high fire severity compared to sites inflicted with moderate fire severity.    

On the other hand, species abundance, richness, diversity (Shannon and Inverse Simpson Index) 

and evenness (Simpson’s Evenness) values calculated from data collected in 2016 were not 

found to be equal in variance between different drought and fire conditions (Levene Test). As 

such, data was log transformed to meet the assumptions of a one-way ANOVA test. Outcomes of 
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the ANOVA testing did not show any significant variance in means for abundance, diversity 

measured using inverse Simpson index, and evenness in different drought and fire conditions. 

However, species richness and diversity measured using Shannon diversity index was found to 

be significantly higher in high drought/moderate fire severity compared to low drought/high fire 

severity conditions (p = <0.05 & <0.05, respectively). The means of all calculated variables were 

visually higher in sites with high drought probability compared to sites with low drought 

probability. However, similar trends in means with different fire severity conditions were not as 

clear.   

Vegetation analysis using ordination by non-metric multidimensional scaling of different sites, 

illustrated some differences in species composition between conditions for species measured in 

2016 and 2019. Subsequent correlation of scores along the ordination axes against drought 

probability and fire severity for both the 2016 and 2019 data illustrated a significant influence of 

drought probability (p = <0.001 & <0.001) on species composition, but not fire severity (Figure 

12 & Figure 13). 

Figure 12. Ordination by Canonical Correspondence Analysis (CCA), elucidating the 

relationship between species composition at different plots and the environmental variable (fire 

severity, drought probability) for data collected in 2016. Distance metric was specified using 

Bray-Curtis dissimilarity.   
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Figure 13. Ordination by Canonical Correspondence Analysis (CCA), elucidating the 

relationship between species composition at different plots and the environmental variable (fire 

severity, drought probability) for data collected in 2019. Distance metric was specified using 

Bray-Curtis dissimilarity.   

5. Discussion  

The height/canopy volume specific allometric models created in this study were produced to, 1) 

enable the collection of more data in this study, and to 2) provide future studies based in the 

SWAFR a fast and simplistic approach to calculating AGB for a range of different species. 

Allometry is a highly cost-effective method for biomass prediction compared to other methods, 

however, such predictions can cause margin of errors. The allometric equations originally used 

from Paul et al. (2016) to calculate plant AGB from D10 measurements, originated from 

generalized models to cover a range of species. Paul et al. (2016) set out to test the accuracy of 

these allometric against values from species-specific allometric estimations and “true values” 

from harvested individuals. When the 95% confidence interval of the estimated AGB using 

generalized models largely overlapped with that from the species-specific models, then it was 

assumed that significant bias had not been introduced. For plots of observed AGB from 

harvested plants against predicted AGB, the 1:1 line was used to illustrate the distribution of 

residuals and expose any bias. What was found was that the accuracy of AGB predictions made 

by allometric models compared to that observed by direct whole-plot harvesting, were not 

affected by increasing the level of generalization of models. The AGB values calculated by 



28 
 

generalized models differed by <1% from calculated AGB values made by species-specific 

models. Furthermore, the overall efficiency of stand-level AGB predictions were 99%, with a 

mean margin of error within predictions of only 13% when compared with harvested values 

(Paul et al. 2016). Paul et al. (2016) looked at 274 species across Australia, some of which likely 

included species found within the NJF. The application of the generalized multi-species models 

within Paul et al. (2016) did not introduce significant bias in biomass prediction for 92% of the 

species tested. As such, it can be implied that a large amount of species found in Australia follow 

the assumptions of the generalized models used in Paul et al. (2016). Subsequently, the AGB 

estimates calculated in our study from D10 measurements and generalized equations from Paul et 

al. (2016), which were used to form the height/canopy volume specific allometric models, can be 

assumed to be relatively true to the actual AGB of the plants measured. However, the estimation 

of AGB values from height/canopy volumes allometric models created in this study could be 

more susceptive to inaccuracy. Grazing or other destructive forces can reduce the height and 

canopy volume of an individual plant and thereby producing a margin of error. To counteract 

this, D10 measurements for AGB estimations were taken only from plant individuals that 

exhibited no signs of necrosis, grazing/breakages, fire damage etc. Furthermore, in this study, the 

large majority of D10 measurements were taken from plants within the subplots, which were also 

counted and measured for height and canopy volume to create the height/canopy volume 

allometric models. As such, the estimation of AGB for plants in this study were calculated using 

the linear equations of height/canopy against predicted AGB measured from the same plants. 

However, destructive forces such as grazing, fire etc. still influence the height and canopy 

volume measurement taken for all plants in the subplot. This would cause the estimation of 

disproportionately smaller AGB values using the height/canopy volume models from this study. 

Based on plant structure, there is frequently proportionately more biomass at the main structural 

axes (base/trunk) of a plant than in the individual stems. It is assumed in this study that biomass 

at the main structural axes is smaller in plants with smaller height/canopy volume values than in 

plants that are larger/cover more volume. This was also represented in further investigation of 

the allometric models used in this study, through linear regression of D10 and height/canopy 

volume measures which all showed positive and significant correlations (<0.05). The linear 

relationships therefore illustrated that height/canopy volume are reasonable indicators of D10 and 

as such, AGB. However, individuals that have been compromised in their extremities (e.g. 
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grazing, fire damage) are smaller but still hold the biomass of a larger plant. In this scenario, our 

study using height/canopy volume allometric models would inaccurately estimate the AGB value 

for such a plant. Equally some resprouting plants may hold larger D10 values from growth prior 

to the disturbance event but create unproportionally small height/canopy volume measurements 

due to limited growth after the disturbance event. In conclusion, although this method of AGB 

prediction enabled rapid and mass collection of data, further investigation should be taken to 

assess the accuracy of height/canopy volume AGB models. For example, by comparing AGB 

estimated from height/canopy measurements to AGB measured for harvesting the same 

individuals.  

The height/canopy volume allometric models created in this study generated AGB estimates for 

all plants included in this study, and subsequently the mean biomass contained within a square 

meter (AGB kg/m2) for different drought and fire severity conditions. Analysis of mean 

understorey biomass measured six-months post fire (2016 data) saw significant variation 

between sites inflicted with moderate fire severity with different drought probabilities. Within 

the moderate fire severity conditions significantly higher AGB kg/m2 was found in sites with 

high drought probability compared to low drought probability sites (p= <0.05). Visually there 

was slightly higher mean AGB values in both the high drought sites compared to the low drought 

sites within respective fire severity conditions. Furthermore, the largest mean AGB kg/m2 

concentrations were found in the high drought/moderate fire severity condition. This may be 

reflective of the visual result trends of higher drought leading to higher AGB kg/m2 

accumulation, whereby the moderate fire severity has had less of a destructive influence and 

allowed for the accumulation of more biomass.  

Visual trends of higher drought probability influencing higher mean AGB kg/m2 accumulation 

results, are also reflected in the results of mean AGB values from the 2019 data (three years post 

fire) and the mean biomass accumulated between 2016-2019 within both high fire severity 

conditions. This growth pattern suggests that understorey species perform better in high drought 

conditions, a conclusion which has been illustrated in many other studies (Tenhunen et al. 1990; 

Prieto et al. 2009; Saura-Mas & Lloret, 2014; Caldeira et al. 2015; Bart et al. 2016; Young et al. 

2018). Certain regenerating shrub species are known to adjust the amount of leaf area exposed, 

thereby reducing gas exchange via stomatal closure mechanisms. This drought avoidance 
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mechanism reduces mortality within regenerating shrub species thus, increasing their resilience 

to the effects of drought and allowing for greater biomass accumulation post drought events 

(Tenhunen et al. 1990). In a study by Young et al. (2018) the effect of post-fire climatic 

conditions, in particularly water availability, were investigated on tree, shrub, and graminoid 

recruitment in the fire-prone forests of northern California, USA. The study observed that severe 

post-fire drought, as well as, long-term climatic conditions, reduced recruitment of tree species. 

In contrast, substantial increases in shrub and graminoid establishment were observed under 

post-fire drought. This suggests that more frequent and intense drought occurrences may cause a 

shift in dominance from tree species to shrub species (Young et al. 2018). Furthermore, the study 

by Walden et al. (2019), which first created some of the plots used in our investigation, observed 

the effects of the 2011 extreme drought event on tree regeneration and carbon distribution in the 

NJF. The impact of the drought event was found to markedly shift live:dead carbon pool ratios to 

more dead carbon, with tree’s suffering complete and partial mortality. The increased mortality 

also resulted in a reduction in tree canopy cover in high drought effected sites. This would allow 

more light to penetrate through to understorey plants, thereby, allowing them to compete for 

available nutrients to accumulate biomass (Walden et al. 2019). The increased mortality of trees 

in high drought conditions would also reduce water use of these trees, thus, creating more water 

availability for understorey species even in drought conditions and enabling more biomass 

accumulation (Caldeira et al. 2015; Ray et al. 2019).  The drought resilience mechanisms 

observed in some understorey species and the reduction in canopy cover and competition for 

light, water and nutrients, helps elucidate this visual increase in AGB kg/m2 values in high 

drought sites.  

Fire severity can also be visually interpreted as a variable influencing understorey biomass. The 

mean AGB kg/m2 estimates calculated from data collected in 2019 and biomass accumulation 

between the three years (2016 – 2019), visually illustrate that higher fire severity equates to 

higher accumulation of understorey biomass, within respective drought conditions. This 

phenomenon has been reported in previous studies associating high severity fires, or “stand-

replacing” fires, with tree to shrub type forest conversions (Collins & Roller 2013; Crotteau et al. 

2013; Lauvaux et al. 2016). A study by Crotteau et al. (2013) set out to elucidate the connections 

between different fire severities and regrowth in forests of western USA by investigating tree 

seedlings, forest overstory, shrub cover, and abiotic factors hypothesized to influence growth and 
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establishment. In this study, higher fire severity was associated with greater shrub coverage, 

lower tree canopy coverage and lower tree seedling establishment. As such, interpretation of the 

results suggested that high severity fire causes higher levels of tree mortality and canopy 

collapse. Therefore, resulting in higher shrub coverage due to increase light permeability and 

reduced competition for water and nutrients (Crotteau et al. 2013). Walden et al. (2020a) created 

some of the same plots used in our investigation to elucidate how fire severity influences tree 

carbon dynamics in the NJF. Within Walden et al. (2020a) no significant differences were 

interpreted in live and dead carbon stores between fire severities. However, when plots were 

selected in Walden et al. (2020a), fire severity was measured as the degree of canopy 

consumption observed. Severe surface fire with canopy scorch indicated moderate fire severity, 

and crown fire with complete canopy consumption indicated high fire severity (Walden et al. 

2020a; Walden et al. 2020b). As such, these same plots used within Walden et al. (2020a) and 

this study were selected to vary in canopy cover between the two fire severities. Therefore, this 

lack of canopy cover in high severity site allows for higher biomass accumulation within this 

study due to increased light permeability and greater water and nutrient availability. The lack of 

this trend, whereby higher fire severities correspond with higher mean AGB kg/m2, within data 

collected in 2016 may be due the destructive nature of fire. Data collection in 2016 occurred only 

six-months after the Yarloop fire. This may not be an adequate time interval for understorey 

plants to recover and therefore any influence that higher fire severity may have on biomass 

accumulation may not be obvious. Instead the destructive nature of higher fire severities may be 

more prevalent on trends seen in mean AGB kg/m2 accumulation. 

Statistically significant variations in mean AGB kg/m2 values from data collected in 2019 and 

biomass accumulation between the three years (2016 – 2019) were implied for all conditions 

against mean AGB kg/m2 values from low drought/moderate fire severity conditions. Mean AGB 

g/m2 values produced for sites experiencing low drought probability and moderate fire severities 

accumulated significantly less biomass when compared to sites with high drought probability and 

both high and moderate fire severities, as well as, low drought/high fire severity (p= <0.001, 

<0.001 & <0.01, respectively for the biomass calculated for 2019 and the biomass accumulated 

between 2016 - 2019). This implies that these disturbances predominately influence AGB 

accumulation to a significant scale, in particular, higher severities of both these disturbances 

influence the accumulation of higher understorey biomass. The combination of both disturbance 
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events at a high severity (high drought/high fire severity conditions) did not produce AGB kg/m2 

values that were significantly higher than AGB kg/m2 values when the disturbances occur singly 

at high severities. However, visually mean AGB kg/m2 values were found to be highest in sites 

where high severities of drought and fire are combined.   

The idea that combined or interlinked disturbances change the magnitude or direction of a 

disturbance response has been hypothesized in many other studies, leading to unexpected 

disturbance behaviour, altered return likelihoods or reduced ecosystem resilience and regime 

shift (Buma, 2015; Gower et al. 2015). The SWAFR is prone to reoccurring disturbances such as 

drought and wildfire (Wittkuhn et al. 2011; Sullivan et al. 2012). Resilience to these disturbances 

has thus developed through the selection of specific drought and fire tolerant species, such as, 

resprouting species (Keeley, 1986). Disturbances such as drought and fire cause ecosystems to 

shift out of a state of equilibrium into an alternative state (Battisti et al. 2016). Resilience within 

an ecosystem is defined by its ability to recover from a disturbance and return to its state of 

equilibrium (Pimm, 1984). This is well illustrated in the “ball and cup” model (Figure 13; 

Larsen, 1995; Gunderson, 2000). The “ball” illustrates the current state of the ecosystem, the 

“basin” represents the ecosystems state of equilibrium, and the “cup” represents a threshold, past 

which the ecosystem can no longer return to its original state (Larsen, 1995). It is therefore 

hypothesized that combined or interlinked disturbances occurring before ecosystem recover may 

push an ecosystem over these thresholds leading to shifts in community composition and reduced 

disturbance resilience (Donato et al. 2009b; Buma, 2015; Gower et al. 2015). 
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Figure 13. Illustration of ecological resilience based on Gunderson (2000). Resilience is 

explained as how much disturbance an ecosystem (the ball) can be subjected to and still remain 

in the same “cup” or “basin”, before it is pushed past its threshold into another stable state 

(different basin) (Griffiths & Philippot, 2013). 

As results from this study indicate, there was a substantial shift in biomass accumulation in sites 

experiencing either higher drought or fire severity disturbance. This may reflect an inability of 

the ecosystem to return to its natural state of equilibrium with more intense disturbance events. 

Therefore, suggesting a threshold for the resilience within ecosystems of the SWAFR, to intense 

drought and fire disturbance. It’s important to note that this was not evident in the study by 

Walden et al. (2020b), which used some of the same plots as used in this study. Walden et al. 

(2020b) aimed to elucidate how mortality, resprouting and recruitment ability of the two 

dominant tree species within the NJF, Eucalyptus marginata and Corymbia calophylla, were 

influenced by increased drought and fire severity. The study found no evidence of drought 

influencing these mortality and regrowth of these trees, nor any linked or compounding effects of 

drought and fire in combination. Alternatively, higher fire severity was found to override pre-

existing drought conditions, causing a decrease in live basal area and stem density. It was stated 

that these affected stands would require decades to potentially return to a pre-fire structure in 

order to be able to withstand further disturbance and have thus lost their ecological resilience 

(Walden et al. 2020b).  

Results from this study and Walden et al. (2020b) suggest that the magnitude (size, intensity) of 

a disturbance, and combination of multiple disturbances, can cause a reduction in ecological 

resilience of ecosystems within the NJF. In this study this was shown as a shift in biomass 
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accumulation in understorey plant communities. However, reduction in resilience can also be 

expressed as alternative states of species assemblages and population levels (Gunderson, 2000; 

Walker et al. 2006). In this aspect, the study by Walden et al. (2020a) demonstrate some 

ecological resilience to increased intensity of drought and fire disturbances. Walden et al. 

(2020b) illustrated no significant variation in post-disturbance recruitment of Eucalyptus 

marginata and Corymbia calophylla between plots exposed to different drought and fire 

severities. This lack of variation in species recruitment (Walden et al. 2020b) between plots 

supports optimism that these forests will return to a state of equilibrium and increase their 

resilience to disturbances given enough time. However, species composition in our study was 

found to differ somewhat between plots of different drought and fire severities (Figure 11; Figure 

12). Drought was found to significantly influence species composition between plots (p = 

<0.001). Although, due to the natural precipitation gradient within the NJF (Figure 1), this may 

be a naturally occurring variation throughout the forest based on drought tolerant mechanisms of 

different species and environmental filtering, thereby, increasing the resilience of the ecosystem 

to drought. However, climatic projections within the SWAFR predict an increase in summer 

temperature of up to 3°C and a decrease in winter rainfall of up to 20 mm month-1 (between 2030 

– 2059) (Andrys et al. 2017). This will undoubtably lead to increases in drought severity and 

frequency. Subsequently, causing a build-up of dry dead fuel material and increasing fire 

potential and severity (Ruthrof et al. 2015). As such, future climatic conditions suggest that 

drought and fire disturbance events will become more frequent and severe, thereby, hindering 

already highly disturbed sites from returning to a state of equilibrium.  

Additionally, consequences of the increased understorey biomass in high drought and fire 

severities, indicates a shift in forest structure from open, tall, tree dominated forests to dense, 

low-ground shrub dominated forests. Shifts in forest structures were also illustrated by Walden et 

al. (2018) following the 2011 extreme drought event in the NJF. Whereby, complete and partial 

tree mortality caused not only a shift from live to dead carbon, but also a turnover of carbon 

placement to smaller, low-ground, carbon-pools (stems, foliage, twigs, and branches). In 

resprouting forest, disturbance events causing tree mortality often leads to the development of 

small, multi-stemmed, individuals resprouting near the ground (Matusick et al. 2016; Walden et 

al. 2019). A study by Matusick et al. (2016) investigated similar Eucalypt forests in the SWAFR, 

comparing regrowth and shifts in forest structure in sites subjected to the 2011 extreme drought 
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event by varying degrees. The study found substantial structural shifts in forests severely 

affected by the drought. Site severely affected by drought exhibited a 30% increase in stem 

density as well as, a reduction in basal area, tree diameter, canopy cover and live biomass; while 

species composition remained the same. As such, with all these aspects in combination, sites 

subjected to more intense disturbance events, result in increased understorey biomass, increased 

accumulation of dead carbon from drought induced mortality and shifts in forest carbon 

distributions from resprouting tree species. Therefore, shifting biomass distribution and carbon 

structures from open, tall forests to short, dense forests with carbon stored in small, multi-

stemmed individuals (Matusick et al. 2016; Walden et al. 2019). Consequently, this structure of 

carbon distributions within forests is known to increase the probability of fire occurrences due to 

the compact density of low ground carbon and increased dry dead fuel stocks. From this shift in 

forest biomass, a positive feedback is created, whereby post-disturbance forests exhibit an 

increase in flammable (Kitzberger et al. 2012; Zylstra 2018). This will potentially lead to an 

increase in fire frequency and hinder post-disturbed ecosystem from returning to a state of 

equilibrium. Instead shifts from equilibrium will be amplified as drought and fire afflicted 

ecosystems become more disturbance prone through adverse climate conditions and shifts in 

forests structures. The increase in fire frequency may also subsequently lead to future declines in 

species populations as post-fire drought conditions reduce demographic performance within 

plant communities; thus, increasing the fire-interval needed for recruitment. (Enright et al. 2015). 

Resprouting species, such as the two dominate species in the NJF, Eucalyptus marginata and 

Corymbia calophylla, rely on carbohydrate reserves for regrowth. However, limited carbon 

reserves post-fire, makes these resprouting species particularly vulnerable, especially in post 

drought conditions, to recruitment decline (Canadell & López-Soria, 2002). Fire occurrences 

during drought and regrowth periods, before resprouters have adequately regained sufficient 

carbohydrate reserves, limits the amount of biomass resprouters can accumulate post-fire, 

causing “resprouter exhaustion syndrome” (Karavani et al. 2018) as well as, a probable decline 

in population size and forest functioning.  

In conclusion, shifts in biomass accumulation and forest structure are more likely as future 

climatic conditions worsen, due to the intensification of disturbance events. This causes a 

positive feed-back, whereby disturbance events become more probable. As such, hindering the 

ability of these ecosystems to return back to a state of equilibrium, due to the inability for species 
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to recover and self-recruit with increased disturbance frequencies. This further amplifies the 

ecosystem out of a state of equilibrium and decreases the resilience of these ecosystems to 

further disturbances. Most importantly, this will disrupt the ecosystem functioning of these 

forests. Forests are important systems for carbon sequestration, and vital to dampening the 

effects of climate change (Bellassen & Luyssaert, 2014). However, these shifts in forest structure 

in sites subjected to more intense and combined disturbance events, convert forests from carbon 

sinks to carbon sources. Detrimentally disrupting global carbon emission goals set out by the UN 

(FCCC, 2016).  
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Appendices 

Appendix 1. List of all species found within the subplots. 

 

Species List 

Acacia alata Caesia micrantha Desmocladus flexuosus 

Acacia browniana Caladenia arenicola Dianella revoluta 

Acacia lateriticola Calandrinia brevipedata Dichelachne crinita 

Acacia mooreana Caladenia flava Drosera erythrorhiza 

Acacia obovata Calothamnus hirsutus Drosera glanduligera 

Acacia pulchella Calytrix flavescens Drosera macrantha 

Acacia urophylla Cassytha glabella Drosera menziesii 

Adenanthos barbiger Chamaescilla corymbosa Drosera stolonifera 

Adiantum aethiopicum Chorizema cordatum Elythranthera brunonis 

Agrostocrinum hirsutum Chorizema rhombeum Eriochilus dilatatus 

Amphipogon amphipogonoides Clematis pubescens Eucalyptus marginata 

Amphipogon laguroides Comesperma calymega Exocarpos sparteus 

Anigozanthos humilis Comesperma ciliatum Gahnia aristata 

Anigozanthos manglesii Comesperma virgatum Gastrolobium capitatum 

Arnocrinum preissii Conostylis aculeata Gastrolobium nervosum 

Astroloma ciliatum Conostylis androstemma Gompholobium confertum 

Astroloma pallidum Conostylis aurea Gompholobium cyaninum 

Austrostipa elegantissima Conostylis candicans Grevillea bipinnatifida 

Austrostipa semibarbata Conostephium pendulum Haemodorum laxum 

Banksia dallanneyi Conostephium preissii Haemodorum spicatum 

Banksia grandis Conostylis pusilla Hakea amplexicaulis 

Billardiera heterophylla Conostylis setigera Hakea lissocarpha 

Billardiera variifolia Conostylis setosa Hakea stenocarpa 

Boronia crenulata Corymbia calophylla Hakea undulata 

Bossiaea aquifolium Corynotheca micrantha 

 

Hemiandra glabra 
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Bossiaea ornata Cyathochaeta avenacea Hibbertia amplexicaulis 

Burchardia congesta Dampiera spicigera Hibbertia aurea 

Hibbertia commutata Lomandra maritima Pteridium esculentum 

Hibbertia crassifolia Lomandra micrantha Pterostylis vittata 

Hibbertia hypericoides Lomandra nigricans Ptilotus manglesii 

Hibbertia quadricolor Lomandra odora Pyrorchis nigricans 

Hibbertia serrata Lomandra pauciflora Rytidosperma occidentale 

Hovea chorizemifolia Lomandra preissii Scaevola calliptera 

Hovea elliptica Lomandra purpurea Scaevola pilosa 

Hovea pungens Lomandra sericea Scaevola repens 

Hovea trisperma Lomandra suaveolens Schoenus curvifolius 

Hybanthus debilissimus Lyginia imberbis Schoenus unispiculatus 

Hypocalymma angustifolium Macrozamia riedlei Senecio condylus 

Hypolaena exsulca Microlaena stipoides Sowerbaea laxiflora 

Hypocalymma robustum Mirbelia dilatata Sphaerolobium medium 

Johnsonia lupulina Monotaxis occidentalis Stackhousia monogyna 

Kennedia coccinea Neurachne alopecuroidea Stylidium amoenum 

Lagenophora huegelii Opercularia echinocephala Stylidium brunonianum 

Lasiopetalum floribundum Opercularia hispidula Stylidium calcaratum 

Lechenaultia biloba Orthrosanthus laxus Stylidium carnosum 

Lepidosperma carphoides Patersonia babianoides Stylidium carnosum 

Lepidosperma squamatum Patersonia occidentalis Stylidium ciliatum 

Lepidosperma tenue Patersonia rudis Stylidium dichotomum 

Leptomeria cunninghamii Pentapeltis peltigera Stylidium diuroides 

Leucopogon capitellatus Persoonia longifolia Stylidium hispidum 

Leucopogon conostephioides Philotheca spicata Stylidium neurophyllum 

Leucopogon insularis Phyllanthus calycinus Stylidium purpureum 

Leucopogon nutans Pimelea argentea Stylidium schoenoides 

Leucopogon propinquus Pimelea spectabilis Styphelia tenuiflora 

Leucopogon verticillatus Pimelea suaveolens Tetraria capillaris 
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Lomandra caespitosa Pimelea sulphurea Tetratheca deltoidea 

Lomandra hermaphrodita Platysace compressa Tetrarrhena laevis 

Tetraria octandra Thysanotus sparteus Trymalium ledifolium 

Thelymitra crinita Thysanotus thyrsoideus Trymalium odoratissimum 

Thysanotus manglesianus Thysanotus triandrus Xanthosia candida 

Thysanotus multiflorus Tricoryne elatior Xanthorrhoea gracilis 

Thysanotus patersonii Trichocline spathulata Xanthosia huegelii 

Thysanotus scaber Trymalium angustifolium Xanthorrhoea preissii 
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Appendix 2. Plotted linear regression of all species-specific and generalised allometric models used in this study. The 

species or generalised allometric group is specified in the title of each graph. Ln Height (cm) (x axis) against calculated 

ln AGB (kg) values (y axis) are displayed on the left, ln canopy volume (cm2) (x axis) against calculated ln AGB (kg) 

values (y axis) are displayed on the right. Blank cells appear for linear regression of allometric models where significant 

relationships were not found (p= >0.05).   
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Appendix 3. Ordination by non-metric multidimensional scaling of different sites. Sites 

measured in 2016 shown above and sites measured in 2019 shown below. Drought and fire 

conditions are indicated by colour. Distance metric was specified using Bray-Curtis dissimilarity 
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Appendix 4. Mean biodiversity measures (abundance, richness, shannon diversity, inverse simpson diversity, simpson 

evenness) at different drought and fire severities. Error bars indicate the range in standard diviation. Biodiversity 

measure shown is stated above the graphs. Measurements from 2016 are shown on the left, measurements from 2019 

are shown on the right. 

Mean Biodiversity Measures in Different Drought and Fire Severity Conditions 

Mean Species Abundance in 2016 & 2019  

  

Mean Species Richness in 2016 & 2019 
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Mean Species Diversity (Shannon Index of Diversity) in 2016 & 2019 

  

Mean Species Diversity (Inverse Simpson) in 2016 & 2019 

  

Mean Species Evenness (Simpson Evenness) in 2016 & 2019 
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