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Abstract 

 

The anuran Xenopus tropicalis tadpole is an attractive model animal in 

toxicological evaluation of suspected thyroid disrupting xenobiotics. Due to 

its reliance of a functioning hypothalamic-pituitary-thyroid (HPT) axis for 

normal metamorphosis, effects on the HPT axis produces apical endpoints, 

which are easy to measure. More sensitive endpoints of mRNA expression 

and histological evaluation of the thyroid gland itself provide strong 

indications of in vivo thyroid endocrine disruption. X. tropicalis is 

traditionally exposed in groups of 20 animals in four replicates for each 

treatment group. However, exposing tadpoles individually can provide 

stronger statistics and a reduction of total animal sacrifice. In this study we 

have developed and optimized an individual exposure system by a method 

development study. This method was then applied in an exposure 

experiment of a suspected thyroid endocrine disruptor, propylparaben 

(PrP). Prometamorphotic (NF stage 51) X. tropicalis tadpoles were 

distributed in three treatment groups (0.05, 0.5 and 5.0 mg PrP/L water) 

and maintained semi-statically for 14 days. Afterwards, apical 

measurements (body weight (BW), total body length (BL), snout to vent 

length (SVL) and hind limb length (HLL)) and reached developmental 

stage were assessed. In addition, mRNA expression of HPT axis relevant 

genes encoding deiodinase 2 (D2, hepatic tissue), deiodinase 3 (D3, hepatic 

and tail tissue) and transthyretin (Ttr, hepatic tissue) were measured by 

quantitative reverse transcription PCR (qRT-PCR). The PrP exposure did 

not affect general growth and development, but it did cause a 

downregulation of dio3 and ttr. The downregulation of dio3 could possibly 

be associated with a reduced serum content of thyroid hormone, while ttr 

might be connected to a previously described xenoestrogenic effect of PrP 

in vitro and in fish. 
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Background  

The thyroid hormone system 

 

The thyroid hormone system is one of the major endocrine pathways in 

vertebrate animals including mammals, amphibians and fish. The main 

purpose of the thyroid hormone action is to regulate energy metabolism in 

liver and muscle tissues (Nelson & Cox 2008). It has also been associated 

with brain and cardiac function and development, as well as normal bone 

remodeling (Boas et al. 2012). The thyroid hormone system is controlled 

by the hypothalamic-pituitary-thyroid (HPT) axis. The hypothalamus 

releases thyrotropin-releasing hormone (TRH), which prompts the anterior 

pituitary gland to release thyrotropin (Nelson & Cox 2008). Thyrotropin 

(also known as thyroid stimulating hormone (TSH)) has the thyroid gland 

as its target. The thyroid gland is situated on the larynx. It appears in the 

human fetus during week two to ten during gestation, and becomes 

productive around gestational week 18 (Howdeshell 2002). From the time 

of conception, thyroid hormones produced by the mother is transported 

over the placenta to the fetus, and at the time of birth the thyroid gland of 

the child has become fully active and thus endogenic hormone production  

is started (Gilbert et al. 2012).  The thyroid gland produces the thyroid 

hormone tetraiodothyronine (thyroxine, T4) and triiodothyronine (T3) and 

will release them into the circulatory system upon TSH signaling. 

Circulating levels of thyroid hormones provides a negative feedback 

mechanism preventing production of TRH and TSH in hypothalamus and 

the pituitary (Ludgate et al. 2001). Serum T4 and T3 levels, of people within 

a population, have been found to be specific on the individual level 

(Andersen et al. 2002). Differing levels of serum thyroid hormones 
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between individuals are not necessarily associated with thyroid disease 

(Feldt-Rasmussen et al. 1980, Andersen et al. 2002).   

Iodine is essential for the production of thyroid hormones, constituting 

about 60% of its molecular mass (Delange 1994). Iodine is actively 

transported into the thyroid gland follicular lumen by a sodium-iodide 

symporter (NIS) (Klaasen et al. 2010). The iodine group associates to 

glycoproteins in the follicular lumen forming either monoiodotyrosine 

(MIT) or diiodotyrosine (DIT) that conjugates to form either T3 or T4 

(figure 1) (Klaasen et al. 2010). Thyroxyperoxidase (TPO) is the enzyme 

primarily responsible for catalyzing both these steps (Klaasen et al. 2010).  

 

            
Figure 1. Monoiodotyrosine (MIT) and diiodotyrosine (DIT) forms the 

substrate for T3 and T4 production in the thyroid follicular lumen. 

 

An ingestion rate of iodine below what the thyroid gland requires, results in 

negative health effects associated to the thyroid hormone system 
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(hypothyroidism). Iodine deficiency disorders (IDD) have been clearly 

linked to impaired thyroid functions such as goiter (i.e. a grossly enlarged 

thyroid gland) in adults and dwarfism in children (Hetzel 1983). Impaired 

neuropsychological development in children has also been linked to 

pregnant mothers suffering from hypothyroidism (Haddow et al. 1999). On 

the other hand, overproduction of T4 (i.e. hyperthyroidism) is affecting an 

expected 0.25-0.47 % of the world’s women, with about six to ten times 

less frequency in men (Lazarus 1997). Overall, different thyroid diseases 

across the world are estimated to affect 5-10% of the world population 

(Hunt et al. 2001). 

T4 and T3 are expelled from the thyroid follicles into the circulatory system, 

where they bind non-covalently to serum binding proteins transthyretin 

(TTR), thyroxin-binding globulin (TBG) and serum albumin (SA) at a 

serum concentration of about 100 nM and have a half-life of 7 to 10 days 

(Schussler 2000). Due to the lipophilic character of the T4 and T3 

molecules, they tend to stay attached to the transport proteins once in the 

serum, and therefore the proportion of free circulating T4 and T3  in serum is 

only 0.03 and 0.3 %, respectively (Hunt et al. 2001). TTR has been 

suggested to be responsible for transporting TH through the placenta and 

the blood-brain barrier (Boas et al. 2012). The thyroid hormones regulates 

gene expression in target tissues and do so by activating nuclear thyroid 

hormone receptors (THR) (Hunt et al. 2001). Prior research, reviewed by 

Zoeller (2010), has identified three variants of this receptor (TRα1, TRβ1 

and TRβ2) formed by the products of genes TRα and TRβ. The receptors 

appear in the body at different times and in varying abundance (Zoeller 

2010).  

T3 has a much stronger biological effect than T4 (Kloas et al. 2006). Local 

regulation of thyroid hormone action takes place by T4 to T3 transformation 

and/or deactivation by iodothyronine deiodinases in specific tissues at 
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specific times (Gilbert et al. 2012). There are three known types of 

iodothyronine deiodinases, type 1 (D1), type 2 (D2) and type 3 (D3). D2 

facilitates bioactivation of T4 to T3 while D3 either inactivates T3 or 

prevents T4 from becoming activated by D2. D1 has the potential of both 

functions. These mechanisms are based on removal of site specific iodine 

groups on the T4 and T3 molecules (Bianco et al. 2013). Ultimately, TH is 

eliminated through the liver and bile by sulfonation and glucoronidation 

(Vansell et al. 2002) 

Thyroid hormones and anuran development  

 

The role of thyroid hormones in the developing anuran (e.g. frogs and 

toads) tadpole is crucial. It has been known for a long time that 

hypophysectomized and thyroidectomized tadpoles will cease to develop, 

only to resume their metamorphosis once T4 is added to the water (Allen 

1929, Honda et al. 1993). The thyroid gland first appears in the tadpole at 

Nieuwkoop Faber (NF) development  stage 43 (Honda et al. 1993, 

Nieuwkoop & Faber (1994)). The HPT axis in anurans is virtually similar 

to the one present in humans, with one major exception. TRH, which is 

mediating release of TSH from the anterior pituitary, is in the anuran larvae 

replaced by corticotrophin-releasing hormone (CRH) (Kloas et al. 2006). 

Serum T4 and T3 basal levels in anurans are lower than those of mammals, 

and peak during the metamorphic climax (Regards et al. 1978). As the 

thyroid glands mature and start producing thyroid hormone, total serum T4 

levels increase. Morphological changes occurring in specific tissues of the 

developing tadpole are initiated by an increase of intracellular T3 controlled 

by deiodinases D2 and D3 (Becker et al. 1997).  
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Thyroid hormone disruption  

 

Xenobiotics targeting the thyroid hormone system (thyroid disrupting 

chemicals; TDCs), has been considered a concern  over the past decades 

(Boas et al. 2012). Exposure to such compounds (e.g. Dioxins, PCBs, 

pesticides and UV-filters) might occur from polluted natural environments, 

directly through application of personal care products or food, and could 

potentially impact the thyroid hormone homeostasis (Bergman (red) 2013). 

Another potentially important route of TDCs is ingestion of xenobiotics 

deposited in indoor dust. One example is presence of polybrominated 

diphenyl ethers (PBDEs), used as flame retardants in furniture and home 

electronics. Incidence of feline hyperthyroidism has been linked to high 

body burden of PBDEs in indoor cats, raising the possibility to use indoor 

cats as indicators for thyroid endocrine disruption due to exposure to indoor 

dust (Dye et al. 2007). Norrgran et al. (2015) reported a correlation 

between PBDEs exposure and serum TH levels in Swedish indoor cats, 

possibly linked to PBDE in dust.  

The research of potential impacts of TDCs in the natural environment has 

mainly focused on avian species in Canada and the Barents Sea. Great Blue 

Heron and Black-crowned Night-Heron were studied at different breeding 

colonies along the St. Lawrence river in eastern Canada  by Champoux et 

al. (2002), who discovered significantly varying TH levels in individuals 

from different colonies. A negative correlation between total PCB body 

burden and serum TH levels was later observed in a subsequent 

biomonitoring program (Champoux et al. 2006). Likewise, the marine bird 

species glaucous gull (Larus hyperboreus) exhibited  lower TH levels, 

possibly due to organoclorine exposure in colonies by the Barents Sea 

(Verreault et al. 2004). Thyroid disruption has also been shown in a field 
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study on a lizard (Podarcis bocagei) exposed to Alachlor, a pesticide, in 

conventional agricultural fields in Portugal (Bicho et al. 2012). 

The main mechanisms of action TDCs can be broadly categorized as: 1) 

effects on the NIS or TPO decreasing TH production in the thyroid gland 2) 

interactions of the serum transport proteins 3) impacts on the regulation and 

function of deiodinases 4)  increased hepatic import and elimination of TH 

5) agonistic or antagonistic binding to the TRs (see review by Crofton 

(2008)) 

Amphibian metamorphosis as a biomarker of thyroid 

disruption  

 

The OECD test no. 231 Amphibian Metamorphosis Assay (AMA) is a 

validated in vivo screening method for assessing potential TDCs (OECD 

2009). The AMA guideline promotes the use of the model frog species 

Xenopus laevis larvae and developing tadpoles as the target of exposure. 

The AMA includes measuring apical endpoints (body length, snout to vent 

length, hind limb length, body weight and developmental stage) and 

histological assessment of the thyroid gland at day 21 of exposure.  

 X. laevis, also known as the African clawed frog, is a widely used model 

organism due to ease of handling and modest holding needs. It requires a 

permanent aquatic habitat throughout its life cycle, as opposed to other 

amphibians that requires access to a terrestrial habitat. As speculated by 

Rose (2005), development and growth of fully aquatic anurans are not 

affected by changing water levels, unlike terrestrial anurans that will 

develop quicker if the water column height is reduced.  A major benefit of 

using Xenopus is the readiness to produce large amounts of eggs and 

offspring at any requested time. A pair of mature frogs can be induced to 

mate following an injection of the sex hormone human chorionic 
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gonadotropin (hCG) and will spawn several thousand eggs. This is a 

treasured feature in fields demanding a high yield of experimental material, 

such as embryology, developmental and genetics research (Helbing 2012).  

Another species of the Xenopus genus, the X. tropicalis, has been 

increasingly used since its relatively simple diploid genome was sequenced 

in full by Hellsten et al. (2010). X. tropicalis is also suitable in 

toxicological research due to its shorter generation time, enabling 

multigenerational exposure studies (Berg et al. 2009). The shorter time 

required for metamorphosis also permits a reduction of exposure time (14 

days instead of 21) in experiments.  

The AMA guideline exposure time is set during the prometamorphosis 

until prior to the metamorphic climax (NF stage 51 to approximately 60).  

The experimental set-up requires in total about 400 tadpoles distributed in 

four aquaria per treatment group (20 individuals x 4 aquariums x 5 

treatment groups. Thus, the AMA guideline approach requires the sacrifice 

of 400 individuals in order to obtain data corresponding to four biological 

replicates per treatment.  From a 3R perspective, especially the parameter 

reduction of animal use, this can be perceived as problematic. Exposing 

individual tadpoles to chemical agents can provide more biological 

replicates and fewer animal sacrifices. A similar, individual-separated 

exposure system for X. tropicalis has previously been successfully 

evaluated by Saka et al. (2012). They found no significant differences in 

growth and development endpoints, when comparing the grouped and 

individual tadpoles, and in addition they observed less variation of the 

endpoints in the tadpoles kept in individual vessels. Therefore it would 

seem beneficial to pursue an optimal individual-separated exposure system 

to be used in toxicological evaluation of chemicals. This approach is 

applied in the current report. 
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Study one: Method development  

Introduction 

 

Thyroid endocrine disruption studies using individually exposed X. 

tropicalis tadpoles have for a time been carried out at the laboratories of the 

Department of Biomedical Sciences and Veterinary Public Health (BVF) at 

Swedish University of Agricultural Sciences (SLU) (Carlsson, Kulkarni, et 

al. 2007, Carlsson et al. 2009). In the summer of 2014 the department 

transitioned to new laboratories in the Centre for Veterinary Medicine and 

Animal Science (VHC), a newly constructed facility at SLU. Upon starting 

a new set of exposure studies on X. tropicalis, a very poor general growth 

rate and development were observed in all tadpoles. We hypothesized that 

the experimental parameters at the new laboratories (type of vessel, water 

or aeration) were the reason caused this adverse effect. In order to elucidate 

the source of this phenomenon we designed an experimental optimization 

study, before proceeding with further exposure studies.  

Aims of the study 

 

The study was conducted in order to establish if any of the variables of the 

experimental parameters (vessel, flask or jar; water, standardized or tap; 

aeration, on or off) have negative effects on X. tropicalis tadpole growth 

and development. This will enable us to find the optimum experimental set-

up for a semi-static individual exposure system to be used in following 

studies.  
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Material and methods 

Experimental parameters 

 

The investigated parameters included type of vessel, water and aeration.  

Each of the three parameters had two different characteristics, resulting in 

23 = 8 unique treatment groups, in order to exhaustively simulate all 

parameter combinations (table 1). Three biological replicates (i.e. 

individual tadpoles) were assigned to each treatment group resulting in a 

total of 24 tadpoles. 

 

Table 1. Overview of parameter combinations of the eight treatment 

groups. 

 

The types of vessel was either a 1000 mL DURAN® clear laboratory glass 

bottle with plastic screw-cap (DURAN Group GmbH, cat. No. 21 801 54 5) 

or a 1100 mL BURKEN clear glass jar with aluminum lid (IKEA, art. 

No.861.301.00). The types of water consisted of Frog Embryo 

Teratogenesis Assay – Xenopus (FETAX) standardized water prepared 

according to American Society for Testing and Materials (ASTM 1999) 

Treatment  

group 

Vessel † Water ‡ Aeration ¥ Abbreviation 

1 A A A AAA 

2 A A B AAB 

3 A B A ABA 

4 A B B ABB 

5 B A A BAA 

6 B A B BAB 

7 B B A BBA 

8 B B B BBB 
† A: Glass flask B:Glass jar              
‡ A: Standardized water (1:1) B: Tap water 
¥ A: on B: off 
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diluted 1:1 (see Carlsson et al. 2014) (referred to as ‘standardized water’) 

or carbon filtered tap water aerated for at least 24 hours (referred to as ‘tap 

water’) (table 2). Aeration was either applied by constant bubbling of the 

water by plastic tubes from a central air valve in the laboratory or turned 

off. 

 

Table 2. The concentrations of salts in the standardized water (according 

to ASTM 1999) diluted 1:1 in deionized water (Carlsson et al. 2014). 

Salt Concentration (mg/l) 

NaCl 312.5 

NaHCO3 48 

KCl 15 

CaCl2 7.5 

CaSO4∙2H2O 30 

MgSO4 37.5 

 

 X. tropicalis spawning and maintenance 

 

Two females and two males were randomly selected from a population of 

adult X. tropicalis kept in holding aquaria. A 0.1 mL injection of 20 

international units (IU) human chorionic gonadotropin (hCG, CAS#9002-

61-3, Sigma-Aldrich) was administered subcutaneously in the dorsal lymph 

sack of each individual. The males and females were thereafter kept 

separately overnight. The following morning a second 0.1 mL injection of 

100 IU hCG was administered to each individual and pairs were placed in 

two separate aquaria filled with tap water. For both injections a 31 gauge 

needle was used. Amplexus occurred at two hours post-injection and 

release of eggs began at about three hours post-injection. When amplexus 

had ended, at approximately 7 hours post-injection, the breeding was 

concluded and the individuals returned to the holding aquaria.  
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Fertilization success in the eggs was assessed in a stereo microscope. Eggs 

from the aquarium with the highest fertilization success (90-95%) were 

immediately transferred to six new aquariums, three of which were filled 

with 10 L standardized water and three with 10 L tap water. Feeding of the 

larvae with Sera Micron® powder food began at three days post 

fertilization (dpf). The aquaria were cleaned daily from dead larvae and 

debris. Larvae displaying unnatural swimming behavior or malformation 

were euthanized in 0.5 mg tricaine methane sulphonate (MS-222, Apoteket 

AB) dissolved in tap water. A 50% water change was made at ten dpf in 

order to reduce accumulating levels of ammonia. At 14 dpf numerous 

tadpoles had reached Nieuwkoop Faber development (NF) stage 51. 

Tadpoles of NF stage 51 were randomly placed in the vessels containing 

the same type of water in which the tadpoles had been kept.  

Experimental procedure  

 

The experiment continued over the course of 14 days. The tadpoles were 

continuously monitored for apparent behavioral and morphological 

abnormalities. Feeding was done daily by distributing Sera Micron®, 

suspended in deionized water, to each tadpole corresponding to 8% of 

individual BW. Total water changes in all vessels were performed three 

times a week (Monday, Wednesday and Friday). Conductivity (WTW 

inoLab Cond 730) and pH (WTW inoLab pH Level 1) of new water were 

monitored prior to water changes at day 0, 5, 7 and 10. The same 

parameters were also monitored in the pooled discarded water of every 

treatment group at day 3, 5, 7, 10 and 12. Ammonium levels of discarded 

pooled standardized and tap water was measured (MERCK RQflex plus 10, 

with test stripes) at day 3, 7 and 10. Temperatures and dissolved oxygen 

(DO) (WTW inoLab oxygen probe) levels were recorded daily in all 

vessels.  
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Experimental termination and sampling  

 

At day 14 the experiment was terminated and all tadpoles were euthanized 

in 2.0 g MS-222/L with the same amount of NaHCO3 added for pH 

adjustment. NF stage, hind limb length (HLL), snout to vent lenght (SVL) 

and total body length (BL) was determined using a stereo-microscope and 

ruler.  Afterwards, the tadpoles were blotted dry and weighted to the 

nearest mg for body weight (BW). 

 Statistical analysis 

 

All data was collected and sorted in Microsoft® Excel in preparation of 

statistical analysis performed in Minitab® 17. A General Linear Model 

(GLM) analysis where the three factors (vessel, water and aeration) 

including all interactions was performed on the continuous dataset (data of 

HLL, SV, BL and BW). The GLM analysis was chosen in order to evaluate 

any statistically significant deviations arising from the three factors (vessel, 

water and aeration) individually or through interaction. Reached 

developmental NF stage was tested in the non-parametric Kruskal-Wallis 

test. For all statistical analyses, p < 0.05 (*), p < 0.01 (**) and p < 0.001 

(***) was considered significant. 

Results 

Growth and development  

 

No mortality was observed throughout the study. Tadpoles in the treatment 

groups BAB (i.e. jar with standardized water without aeration) and BBB 

(i.e. jar with tap water without aeration) exhibited the highest growth rate 

among all four endpoints (figure 2). Lowest growth rate was seen in BAA 
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(i.e. jar with standardized water with aeration) and BBA (i.e. jar with tap 

water with aeration) (figure 2).   

   

 

Figure 2. Apical measurements (body weight, hind limb length, body length 

and snout to vent length) of the treatment groups, expressed as means of 

individual replicates (n=3) with standard deviations. See table 3 for a 

summary the statistical analysis. 

 

The GLM displayed a significant difference in all growth related endpoints 

due to aeration (p<0.0001) (table 3). This would indicate that tadpole 

growth related endpoints are affected negatively due to aeration of water in 

the vessels by bubbling. Furthermore, the interacting parameters aeration 

and type of vessel did also show significance in all endpoints (table 3). This 
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indicates that the negatively impacted growth rate occurs due to a 

combination of aeration and type of vessel. As can be seen in figure 2, 

growth rates of non-aerated treatment groups are lower in the flask 

treatments, than in jar treatments. 

 

Table 3. P-values of the GLM performed on the four endpoints body 

weight, body length, hind limb length and snout to vent lenght (n=3 

individual replicates per group) in Minitab® 17 (data was transformed by 

box-cox square root to optimize model R2). 

 Body 

weight 

Body 

length 

Hind limb 

length 

Snout to 

vent lenght 

Vessel 0.315 0.923 0.418 0.743 

Water 0.945 0.894 0.407 0.604 

Aeration 0.000 0.000 0.000  0.000  

Interaction vessel-

water 

0.389 0.151 0.505 0.377 

Interaction vessel-

aeration 

0.002 0.000  0.001  0.001 

Interaction water-

aeration 

0.669 0.901 0.155 0.318 

Interaction vessel-

water-aeration 

0.572 0.115 0.402 0.385 

Model R2 79.90% 81.03%      71.37% 78.59% 

 

NF stage distribution did not differ between type of vessel (p=0.9764) or 

type of water (p=0.7907). However, aeration had an impact on the 

development speed where the non-aerated treatment groups developed 

faster (p>0.0000) than the non-aerated treatment groups (figure 3).  
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Figure 3. Distribution of NF developmental stages of tadpoles in the 

aerated (n=12) and non-aerated (n=12) treatment groups at the 

termination of the experiment (day 14). Individuals in the non-aerated 

treatment groups developed faster in comparison to the individuals in the 

aerated treatment groups (p>0.0000). 

 

Number of antennae (maximum 2), observed in individuals at the end of 

the study (day 14), were recorded, because we noticed how some 

individuals seemed to lose them over time, contrary to normal. All tadpoles 

in the non-aerated treatment groups retained both antennae, while most lost 

one or both in the aerated treatment groups (figure 4).  
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Figure 4. The proportion (in %) of individual tadpoles displaying none, 

one or two antennae in the aerated (n=12) and non-aerated (n=12) 

treatment groups. Most tadpoles in the aerated treatment groups lost either 

one or two antenna while all tadpoles in the non-aerated treatment groups 

retained both. The image underneath the circle diagrams depict a normal 

tadpole from treatment group BAB with two antennae. 

 

Water parameters 

 

Aeration had a cooling effect on the water. The mean temperature of the 

treatment groups that were aerated and non-aerated were 25.3 ± 0.5°C and 

26.8 ± 0.18°C respectively (Figure 5, left). On the other hand, aeration 

naturally contributed to a higher DO level in the water, 88.7 ± 4% versus 

43.8 ± 4.6% (Figure 5, right).  
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Figure 5. Mean water temperature and dissolved oxygen (with standard 

deviation) of the vessels in the aerated (n=12; 120 observations) and non-

aerated (n=12; 120 observations) treatment groups. The differences 

between the groups were statistically significant (p>0.0001). 

 

pH levels in aerated water appeared to be more stable over the course of the 

experiment than in non-aerated water (table 4). Conductivity, on the 

contrary, seemed to increase more in the aerated water (table 4). 

 

Table 4. Difference (in %) of pH and conductivity between new water and 

discarded water as measured in one replicate from each type of water and 

aeration during the entire experiment.  

 pH difference (%)  Conductivity difference (%) 

 Day 

0-3 

Day 

5-7 

Day 

7-10 

Day 

10-12 

 Day 

0-3 

Day 

5-7 

Day 

7-10 

Day 

10-12 

Standardized 

water 

         

     -  Aerated -4.0 

 

-2.8 -1.4 

 

2.5 

 

 7.2 

 

11.6 

 

21.9 

 

18.9 

     -  Non-

aerated  

-9.2 -9.6 

 

-10.5 

 

-7.3 

 

 2.9 

 

4.7 

 

8.9 

 

9.9 

 

Tap water          

     -  Aerated -2.4 

 

-1.1 

 

-1.0 

 

-0.3 

 

 13.6 

 

12.2 

 

25.5 

 

25.2 

 

     -  Non-

aerated  

-8.8 

 

-8.9 

 

-10.8 

 

-10.9 

 

 4.8 

 

9.3 

 

12.5 

 

13.5 
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Discussion 

 

In this study we sought to identify the optimal experimental set up for a 

Xenopus tropicalis individual tadpole exposure system. We therefore tested 

three experimental parameters (type of vessel, jar or flask; type of water, 

standardized or tap; aeration, on or off) by allowing three tadpoles in each 

possible combination (23 treatment groups, n=24) grow and metamorphose 

during 14 days and thereafter recording apical and developmental 

measurements. Water quality parameters were also continuously monitored 

in all treatment groups. 

Our results would suggest that the type of water did not affect growth and 

development of the tadpoles, thus ruling out any indication of poor water 

quality in the new laboratory. Of the types of vessels, the non-aerated jar 

was determined to be the optimal exposure system in terms of growth and 

developmental rate. Aeration proved to be an issue, possibly related to a 

stress response. Constant bubbling of the water might create currents that 

either prevents normal feeding behavior or causes general stress. The 

central air output in the new laboratory facilities was revealed to be 

unevenly pressurized, which also might be a contributing factor to stress in 

the aerated treatment groups.  Temperature was lower, and more varied, in 

aerated water due to the cooling effect of the pressurized air. Temperature 

is a known growth factor in tadpoles, a high temperature increases growth 

rate (Denver 2002). The mean DO levels in the non-aerated treatment 

groups were considerably lower than in aerated treatment groups, but this 

did not negatively affect growth. In fact, DO in the treatment group BBB, 

displaying optimal growth and development, dipped to as low as 10 % at 

day 10.  This stands in contrast to the AMA protocol, which require a 

constant DO ≥ 40% (OECD 2009).   
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In order to safeguard animal welfare, while avoiding reducing water 

temperature, we propose the following approach:  Air of room temperature 

will be briefly pumped above the water surface during a limited time (one 

hour intervals) five times per day. This will keep DO levels according to 

the AMA protocol, while avoiding a lowered and unstable water 

temperature. Stress factors, such as water currents, could also be minimized 

by using this method.      

In conclusion, we have determined an optimal experimental semi-static 

individual exposure system (glass jar with tap water gently aerated in 

intervals) to be used in the new laboratory facilities.  

Study two: Propylparaben exposure  

Introduction 

 

The parabens (figure 7) are a class of p-hydroxybenzoic acid esters with 

bactericidal and fungicidal properties (Eklund 1980). Three of these 

parabens (methyl-, -ethyl, and propylparaben) are commonly used and can 

be found individually or mixed as preservatives in cosmetics, toiletries, 

foods and pharmaceuticals (Liao et al. 2013). Several other parabens are 

used but to a lesser extent.  A comprehensive investigation of occurrence of 

parabens in Denmark in 2004 concluded an inflow of 154 tons pure 

parabens and 7.2-73 tons parabens incorporated in consumer goods 

(Eriksson et al. 2008).  
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Figure 7. Molecular structure of para-hydroxybenzoate, the basic unit for 

all parabens, where the -R indicates the position where an alkyl-group is 

attached. Propylparaben has a propyl group attached to this site.  

 

Human exposure routes 

 

Propyl 4-hydroxybenzoate, or propylparaben (PrP) is a preservative used 

mainly in cosmetics and toiletries. The log P value of PrP is 2.94 which 

indicates a lipophilic characteristic  (Angelov et al. 2007). Human exposure 

routes are mainly through dermal contact via skin lotions and deodorants 

and dietary intake of certain foods with PrP as an additive (Soni et al. 

2005). Liao et al. (2013) estimated mean PrP dietary intake to 198 ng/kg 

bw/day in American children between 1-6 years of age. Ingestion of PrP 

through indoor dust amounted to 3.05 ng/kg bw/day in a study by Wang et 

al. (2012), again in American toddlers. In both studies, the children aged 1-

6 appeared to be more exposed to PrP than other age groups. PrP exposure 

in adults can be revealed by measuring the concentration in urine samples. 

Calafat et al. (2010) analyzed urine samples from 2548 American males 

and females aged 6 to ≥ 60. Interestingly they found a considerable 

difference in mean urinary PrP concentration between adult (20-59 years) 

females and males, 31.6 and 2.5 µg/l, respectively. A study by Frederiksen 

et al. (2011) measured PrP concentrations in urine, serum and seminal 

plasma of 60 young (18.2-26.7 years old) Danish men, exposing median 

concentrations of  3.60, 0.32 and 0.68 ng/mL, respectively. High maximum 
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concentrations in some individuals (256 ng/mL urine, 5.5 ng/mL serum and 

35.5 ng/mL seminal plasma) may indicate an individual difference in 

metabolic rate of parabens (Frederiksen et al. 2011). One of the highest 

urinary concentrations of PrP has been found, in a sample from a patient in 

Canada, at 612.73 µg/l. (Genuis et al. 2013) 

Environmental occurrence 

 

Parabens originating from human activity generally ends up in waste water. 

A study of Canadian waste water treatment plant (WWTP) inflow water 

showed a median PrP concentration of 730 ng/L (Lee et al. 2005). The 

same authors also measured the PrP concentration in outflow water and 

found it to be below the detection limit, indicating that PrP is readily 

cleared in WWTP:s. PrP has however been found frequently in the aquatic 

environment. Freshwater from a Belgian river contained 78,4 ng PrP/L 

(Benijts et al. 2004). Concentrations of up to 15,6 ng PrP/L were measured 

in samples in and upstream of a lagoon in northern Portugal (Jonkers et al. 

2009).  

Indoor environments are also known to contain PrP. Indoor dust in 40 

American and 41 South Korean households contained a median 

concentration of 706 ng/g and 800 ng/g, respectively, according to a study 

by Wang et al. (2012). 

Propylparaben and aquatic organisms 

 

Estrogenic effects of xenobiotics can be evaluated by measuring 

concentrations of the egg yolk precursor protein vitellogenin (VTG) in 

male fish liver tissue, that normally does not produce VTG (Sumpter et al. 

1995). This biomarker has been studied in several aquatic vertebrates 

concerning PrP exposure.  Pedersen et al. (2000)  exposed sexually 
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immature male rainbow trout (Oncorhynchus mykiss) to 100 or 300 mg 

PrP/kg BW by intraperitoneal injections and saw a statistically significant 

VTG induction in both treatment groups, indicating estrogenic potential. A 

VTG ED50 of 22 mg/kg BW/2 days was determined by Bjerregaard et al. 

(2003) in another study on O. mykiss exposed to PrP mixed in feed.   

Species specific differences in VTG sensitivity have been reported in the 

literature. Mikula et al. (2009) failed to see any effect of PrP after oral 

exposure of up to 2000 mg/kg BW in juvenile zebrafish (Danio rerio). The 

author did however see a slight tendency of skewed sex ratios towards 

feminization. On the other hand, Inui et al. (2003) observed major up-

regulation of hepatic VTG mRNA expression in male medaka (Oryzias 

latipes) exposed to 0.055-55 mM PrP. Furthermore, hepatic mRNA levels 

of estrogen receptor α (ERα) and ERβ, as well as choriogenin (CHG, a 

biomarker for estrogenicity in fish), were found to be upregulated by PrP 

(Inui et al. 2003). Developmental endpoints and EROD activity in 

developing O. latipes embryos were studied by González-Doncel et al. 

(2014), who found a very slight toxicity of PrP. Growth rate in fathead 

minnow (Pimephales promelas) was affected with a LOEC of 2.5 mg/L 

(Dobbins et al. 2009). African clawed frog (Xenopus laevis) larvae exposed 

to 60, 120 and 240 mg /l methylparaben for 96 h exhibited malformations 

and growth reduction, as well as an upregulation of heat-shock protein gene 

HSP-70 (San Segundo et al. 2013).  

Endocrine disrupting properties   

 

PrP and other parabens have been implicated as weakly estrogenic 

(xenoestrogenic) in several in vitro and in vivo studies, as reviewed by 

Darbre et al. (2008). Out of the parabens, propylparaben and butylparaben 

seem to possess the strongest estrogenic activity, in a yeast cell based 
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assay, due to its ability to bind to the estrogen receptor, probably linked to 

their greater alkyl chain length (Routledge et al. 1998). Furthermore, 

different parabens seem to produce different gene expression responses in 

vitro (Pugazhendhi et al. 2007).  Estrogen has long been associated with the 

progression of breast cancers (Lipworth 1995). Byford et al. (2002) saw an 

induced growth in human breast cancer cell line MCF-7, due to butyl- and 

propylparaben exposure. Intact paraben, a majority being metylparaben and 

propylparaben, has been isolated in human breast cancer tissue (Darbre et 

al. 2004). In addition to the proposed estrogenic activity of PrP, suspicion 

of an anti-androgenic effect has been elucidated in an in vitro study by 

Satoh et al. (2005), studying exposure concentrations below that of the 

acceptable daily intake of PrP. Chen et al. (2007), however, did not see any 

specific antiandrogenic effects of parabens in a human embryonic kidney 

cell line (HEK 293). Sperm counts in the epidymis and testis of 3-week old 

rats were decreased in a dose-response fashion due to oral ingestion of 

0.01, 0.10 and 1.0 % PrP spiked soybean oil (Oishi 2002). In an 

epidemiological study of human data a slight correlation between urinary 

concentrations of butlylparaben and sperm DNA damage could be 

perceived (Meeker et al. 2011). 

In a critical review, Witorsch et al. (2010) discusses the notion of 

overestimated suspicions of adverse effects of parabens on human health, 

in light of the current absence of clear in vivo data. However, an increase of 

total estrogenic burden may indeed be of concern to humans as Boberg et 

al. (2010) conclude in a safety assessment of parabens. Silva et al. (2002) 

has illustrated this by revealing a very strong estrogen receptor binding 

effect in a yeast cell line exposed to a below individual NOEC mixture of 

xenoestrogens that individually did not produce an effect. PrP at 

concentrations of 10-80 nM inhibited aromatase activity MCF-7 cells (van 

Meeuwen et al. 2008), and a study by Taxvig et al. (2008) indicated an 
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interference on steroidogenesis. This could indicate a detrimental and 

complex effect on the estrogenic/androgenic hormone systems.  

Parabens and the thyroid hormone system 

 

The available scientific literature implicating specific adverse effects on the 

thyroid hormone system by paraben exposure is currently quite limited. 

Kitagawa et al. (2003) did not see thyroid receptor binding of parabens in 

an in vitro yeast cell line. The paraben methylparaben exhibited a slight 

thyroid disruptive effect in a swine thyroid cell line (Rousset 1981). Oral 

administration of 250 mg PrP/kg BW/day to prepubertal female rats caused 

an about 50% reduction of serum T4 concentration (Vo et al. 2010). Yet, 

the authors reported, no histopathological effects on the thyroid glands of 

the treated animals were evident. In a study by Meeker et al. (2011) no 

correlation between urinary PrP and methylparaben concentrations and 

serum thyroid hormone concentrations in humans could be found.  

Aims of the study 

 

The aim of this in vivo exposure study was to elucidate any potential 

thyroid disruption effects of PrP in developing X. tropicalis tadpoles. In 

addition to measuring the apical endpoints (e.g. growth and development) 

in the amphibian metamorphosis assay, sensitive molecular endpoints of 

mRNA expression of selected genes, relevant to the thyroid hormone 

system, were also analyzed. The study was part of the Mixture assessments 

of EDCs (MiSSE) project (www.aces.su.se/misse) conducted partly at 

BVF, SLU, Sweden.  

 

 

http://www.aces.su.se/misse
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Material and methods 

Exposure chemicals and stock solutions 

 

Propyl 4-hydroxybenzoate (PrP, CAS#: 94-13-3) was acquired from 

Sigma-Aldrich at a purity of > 99%. The nominal concentration range for 

PrP (0.05; 0.5 and 5.0 mg/L) exposure was selected in light of previous 

studies on fish embryos  (Inui et al. 2003, González-Doncel et al. 2014). A 

stock solution of 250 mg PrP/L tap water was prepared and kept in room 

temperature for the duration of the study.  

X. tropicalis spawning and maintenance 

 

X. tropicalis stage 51 tadpoles were obtained in the same way as described 

in the materials and methods section of the previous chapter “Study one: 

Method development”. Breeding success and rearing conditions were 

consistent with the previous study. Eggs were distributed in five 10 L 

aquaria filled with aerated tap water kept at 26.9±0.2 °C and dissolved 

oxygen (DO) at 93.8±4.8 %.   

Exposure conditions 

 

The developing tadpoles were placed individually in 1100 mL BURKEN 

clear glass jars with aluminum lid (IKEA, art. No. 861.301.00) filled with 

500 mL tap water.  Appropriate volumes of stock solution were added to 

reach nominal concentrations. Twelve tadpoles were assigned to each PrP 

concentration (0.0; 0.05; 0.5 and 5.0 mg/L) in separate exposure vessels. 

Air was supplied in all vessels by aquarium air pumps (Eheim) connected 

to plastic tubing expulsing air above the water surface. Aeration was done 

in one hour bursts, five times a day, in order to not decrease water 
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temperature. Water was renewed three times a week with tap water and 

stock solution, and 30 mL samples of new and discarded water were 

collected and stored in a -18°C freezer for subsequent PrP concentration 

analysis. Tadpoles were fed approximately 8% of BW daily with Sera® 

Micron suspended in 1 mL tap water. The tadpoles were continuously 

monitored for negative morphological and behavioral effects. No 

mortalities were recorded over the course of the exposure. The study was 

terminated as planned, 14 days after the start of exposure.  

Sampling 

 

At the time of termination, the tadpoles were sequentially euthanized in pH 

adjusted MS-222 (2,0 g/L) dissolved in tadpole water, weighed to the 

nearest mg and photographed (Canon EOS 500D) for apical measurements 

(figure 8). All tadpoles were NF stage assessed. Liver and tail tissue was 

thereafter excised and immediately frozen in liquid nitrogen and kept in a -

80 °C freezer for RNA extraction. The carcasses were submerged in 10% 

formalin solution for subsequent histological sectioning. Analysis of the 

histology of the thyroid gland lies outside the scope of this report.  

 

Figure 8. The three apical endpoints (excluding body weight) measured: A) 

Snout to vent lenght B) Hind limb length and C) total body length of an X. 

tropicalis NF stage 60 tadpole.  
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Total RNA extraction, quantification and quality assessment 

 

Total RNA extraction from collected tissue samples was performed using 

the NucleoSpin® RNA kit with DNAseI (Macherey-Nagel) according to the 

kit protocol. Extracted RNA was kept in a -80 °C freezer. Before placing 

the extracted RNA in the freezer, a 2 µl aliquot from each sample was 

taken for quantification and determination of integrity by gel 

electrophoresis, respectively. 

Quantification was performed using Quant-iT™ RiboGreen® reagent and kit 

(Invitrogen) using a Wallac 1420 VICTOR2™ plate reader (PerkinElmer). 2 

µl from each extracted individual sample was diluted 200 times in pure 

MilliQ water and loaded in a 96-well plate in triplicates. A standard 

dilution series of 0 (blank) 20, 100, 500 and 1000 ng RNA/mL was 

prepared and loaded on the 96-well plate in duplicates. The RiboGreen 

protocol was used to measure fluorescence of the standards and samples. A 

standard curve was prepared based on the linear regression of the standard 

concentrations to determine the RNA concentration of the samples. 

Samples with an RNA concentration exceeding that of the highest standard 

concentration were diluted an additional 10 times (from 200 to 2000 times) 

and quantified again for increased reliance. Pure extracted RNA was 

distributed into 75 ng RNA template/5 µl RNAse free water aliquots in 

preparation for quantitative real-time reverse transcription-polymerase 

chain reaction (qRT-PCR).  

The integrity of the extracted RNA was determined by gel electrophoresis. 

Firstly, 2 µl RNA from each sample and 5 µl RNA loading buffer (Sigma) 

were combined and mixed by pipetting up and down and incubated at 65 

°C for 10 minutes in a dry block heating system (Grant).  A fresh 1% 

agarose gel (0.42 g agarose, 30.8 mL MilliQ water, 2 mL 20x MESA, 7.2 

mL formaldehyde) was prepared for every batch of samples and 1x MESA 
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was used as running buffer. The gels were loaded with the total volume of 

the samples and loading buffer (7 µl) and subjected to electrophoresis at 60 

V, for approximately 1,5 hours. UV transillumination of the gels and 

visualization of the 28S and 18S rRNA bands were performed using a 

ChemiDoc instrument and Quantity One software (Bio-Rad) (figure 9 and 

figure 10).  Samples displaying signs of RNA degradation were not 

included in subsequent qRT-PCR.  

 

 

Figure 9. Purified hepatic tissue mRNA from tadpoles of the control and 

PrP treatment groups. 

 

 

Figure 10. Purified tail tissue mRNA from selected tadpoles of the control 

and PrP treatment groups. 
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mRNA primer design and qRT-PCR methodology 

 

The genes coding deiodinases D1, D2, D3 (dio1, dio2 and dio3), the T4 

transport protein Ttr (ttr) and thyroid hormone receptor beta (Trβ) were 

selected due to their relevance in the HPT axis. Complete coding sequences 

for each gene of interest were acquired in FASTA format, from the 

Nucleotide section of the NCBI website (http://www.ncbi.nlm.nih.gov/). 

Forward and reverse primer pairs were designed using the Primer3 online 

software package (http://primer3.ut.ee/). The most suitable primer pair 

oligonucleotides, suggested by Primer3, were picked based on optimal 

physical and thermodynamic properties, i.e. a melting temperature (tm) of 

59.5-60.5 °C and a GC content of 45-65 %. The selected oligonucleotide 

sequences were aligned against the X. tropicalis genome by using 

University of Santa Cruz’s BLAT Search (https://genome.ucsc.edu/cgi-

bin/hgBlat). Primer pairs spanning one or several exon junctions were 

favored in order to ensure specific product amplification in the qRT-PCR. 

Custom primer oligonucleotides for each gene (table 5) were ordered from 

Cybergene AB (http://www.cybergene.se/).  

 

The primer pairs were validated by running qRT-PCR with a control 

sample and a non-treatment control (NTC) sample for each gene. The 

resulting PCR products were then subjected to gel electrophoresis on a 2% 

DNA gel (1 g agarose, 50 mL TRIS-EDTA buffer 1x and 10 µl nucleic 

stain buffer) and photographed in a UV hood. The PCR products 

corresponded to the anticipated gene mRNA sizes (figure 11, left). 

However, the primer pairs for dio1 and trβ evidently gave rise to products 

in the NTC which indicates a possibility of unspecific product formation 

(e.g. through primer dimerization) (figure 11, right). In this study, only the 

successfully validated primers (ttr, dio2 and dio3) were applied to the RNA 

http://www.ncbi.nlm.nih.gov/
http://primer3.ut.ee/
https://genome.ucsc.edu/cgi-bin/hgBlat
https://genome.ucsc.edu/cgi-bin/hgBlat
http://www.cybergene.se/
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samples from hepatic tissue. Due to time constraints, only dio3 was used 

for qRT-PCR of tail tissue RNA samples. 

 

Table 5. Overview of the primer pairs used in the qRT-PCR reactions. 

Gene 

name  

Primer (upper: forward primer; lower: 

reverse primer) 

PCR 

product 

(bp)  

Accession no. 

ttr 5’-ACGGTGAAGCTGACTCCAAG-3’ 

5’-CTCCAAGCTCGGTGGTTTT-3’ 

150 NM_00110306

9 

 

dio1 5’-AGACAATGGCATCTGTGCTG-3’ 

5’-AAACTCCCCGAGTCTGAAGAG-3’ 

302 NM_00125629

7.1 

dio2 5’-AATCCAGCCAGAGTCAATGG-3’ 

5’-TGGCATTATTGTCCATGCAG-3’ 

498 NM_00119723

2.2 

dio3 5’-CTCGGAACTGAGGATGTGGT-3’ 

5’-AATCATTGATGCCCAAGGAG-3’ 

206 NM_00111366

7.2 

trβ 5’-AAAATGGAGGACTCGGTGTG-3’ 

5’-CCCCAGAAGTGCTGAGAATC-3’ 

399 AB244214.1 

 

 

     

Figure 11. (Left) Gel UV image indicating the size (in kilo base pairs 

(Kbp) of the cDNA primer products, formed by qRT-PCR of control X. 

tropicalis hepatic tissue. (Right) A gel UV image showing cDNA products 

of qRT-PCR reactions of either a control hepatic tissue (C) or a non-

treatment control reaction (NTC). Evidence of product formation in the 

dio1 and trβ primers would indicate some type of primer dimerization thus 

rendering those primers unreliable.   
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The qRT-PCR was conducted according to the QuantiTect® SYBR® Green 

protocol (QIAGEN) in duplicates for each sample. Master mixtures for 

each gene containing the proper enzymes, nucleotides (QuantiTect™ mix, 

QIAGEN) and primers were prepared in a volume of 20 µL per sample. 5 

µL of RNAse free water with an RNA template content of 75 ng was then 

added, creating a total reaction volume of 25 µl per sample. Each qRT-PCR 

batch included an NTC, containing 20 µl master mix and 5 µl RNAse free 

water. An internal control (IC) was also added in each batch to permit 

normalization of the fluorescence values (CT) of all batches. Melt curve 

analysis was performed in direct connection to the qRT-PCR for each 

sample. qRT-PCR reactions showing deviating melting peak patterns were 

omitted from subsequent quantification. Finally, the complete normalized 

CT dataset was processed according to the method described by 

Schmittgen et al. (2008) and expressed as fold change relative to the 

control group.  

Statistical analysis 

 

All datasets were collected in Microsoft® Excel and statistically analyzed in 

Minitab® 17. Continuous data (e.g. apical measurements and gene 

expression) was assessed for homoscedasticity (Levene’s test) before one 

way ANOVA. Dunnett’s post-hoc test comparing treatments to the control 

controls were thereafter performed where p<0.05 (*) and p<0.01 (**) were 

considered significant. Regression analysis of gene expression versus the 

developmental endpoints (reached NF stage and HLL) was performed in 

order to confirm that gene responses were related to the treatments, and not 

differing baseline expression due to developmental stage. Ordinal data (e.g. 

reached development stage at termination of experiment) was examined by 

first applying the non-parametric Kruskal-Wallis test followed by a Mann-

Whitney U-test on the treatment groups versus the control group.  
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Results 

Apical measurements and developmental staging 

 

PrP exposure at the tested concentrations in the present study (0.05; 0.5 and 

5.0 mg/l) had no effect on either body weight, body lenght, hind limb 

lenght or snout to vent lenght (figure 12).  

 

 

Figure 12. Apical measurements of tadpoles (n=12 per treatment group) 

shown as means of individual measurements with standard deviations.  

 

Reached NF stages among the PrP exposed tadpoles was distributed 

between 58 and 60, with a majority at stage 58 (table 6). No difference of 
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reached NF stage between the treatment groups and the control was evident 

in the statistical analysis. 

 

Table 6. Distribution of tadpoles in NF development stages in the different 

treatment groups. 

 Stage (NF)   

 58 59 60 

Control 6 5 1 

0.05 mg PrP/L 7 3 2 

0.5 mg PrP/L  9 2 1 

5.0 mg PrP/L 8 4  

 

Hepatic tissue mRNA expression 

 

The results of the qRT-PCR showed that dio2 expression levels remained 

unaffected. A statistically significant (ANOVA p=0.017; F=4.02; 

R2=30.13%) reduced expression of dio3 in the low (p<0.05) and medium 

(p<0.05) PrP treatment groups, compared to control expression levels, was 

revealed.  However, no such effect was observed in the highest treatment 

group (figure 13). The ttr gene was affected by reduced expression by the 

PrP treatment, with the 0.05 and 0.5 mg PrP/L treatment groups at the 

statistically significant level (p<0.05) compared to controls (ANOVA 

p=0.032; F=3.5; R2=31.35%) (figure 13). There was no significant 

correlation between developmental stage and gene expression levels, thus 

signifying that the downregulation was due to the PrP exposure.  
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Figure 13. The mean hepatic mRNA expression of dio2, dio3 and ttr in the 

PrP treatment groups 0.05 mg PrP/L (ndio2=6, ndio3=7, nttr= 6), 0.5 mg 

PrP/L (ndio2=7, ndio3=9, nttr=9 ) and 5.0 mg PrP/L (ndio2=7; ndio3=7 nttr=5) 

relative to the control group (ndio2=9; ndio3=9 nttr=7). Statistically 

significant downregulation of dio3 was indicated in the low (p<0.05) and 

medium (p<0.05) treatment group (ANOVA p=0.017; F=4.02; 

R2=30.13%). The ttr gene was downregulated in the low (p<0.05) and 

medium (p<0.05) treatment groups (ANOVA p=0.032; F=3.5; 

R2=31.35%).  
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Tail tissue mRNA expression 

 

The mRNA expression of dio3 in the tail tissues of PrP treated tadpoles 

were reduced (ANOVA p=0.004; F=6.6; R2=53.81%) in all three treatment 

groups (p<0.01) relative to the control group (figure 14). There was no 

significant correlation between developmental stage and gene expression 

levels, thus signifying that the downregulation was due to the PrP exposure.  

 

 

Figure 14. Mean mRNA expression of dio3 in tail tissue in the treatment 

groups 0.05 mg PrP/L (n=5), 0.5 mg PrP/L (n=6) and 5.0 mg PrP/L (n=6), 

as well as controls (n=4). All three treatment groups showed significant 

downregulation (p<0.01) compared to control (ANOVA p=0.004; F=6.6; 

R2=53.81%).  

Discussion 

 

In this study we have examined apical and molecular endpoints related to 

the thyroid hormone system of X. tropicalis exposed to PrP. Over the 

course of the exposure no mortalities or apparent morphological adverse 

effects were observed. Apical measurements of the individuals in the PrP 
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treatment groups did not differ from the control group, and development 

stages remained similar. The molecular endpoints, however, showed an 

impact on the gene expression of ttr and dio3. ttr was downregulated in 

hepatic tissues and dio3 was likewise downregulated in both hepatic and 

tail tissue. 

The apical endpoints of tadpole growth and developmental success were 

not affected in the present study. Carlsson et al. (2014) also reported a lack 

of adverse apical response in X. tropicalis tadpoles exposed to low 

concentrations (2-20 mg PTU/L) of the established thyroid disruptor PTU. 

Nevertheless, they found an evident effect on the more sensitive 

histological endpoint of thyroid follicular cell height, indicating potential 

thyroid disruption due to PTU exposure. This is an example of a thyroid 

hormone system toxicity only being elucidated by scrutiny of more 

sensitive endpoints, such as histology and gene expression. In the present 

study we show an impact on the expression of the genes dio3 and ttr. The 

liver and tail tissue samples of tadpoles exposed to PrP exhibited a reduced 

dio3 mRNA levels. Earlier studies by Galton (1989) using developing 

tadpoles has identified iopanic acid (IOP) as a potent inhibitor of the D2 

and D3 systems. IOP exposure of Xenopus laevis embryos and larvae led to 

developmental defects (mainly of the eye retina) and mortalities in the 

developing animal due to the D3/D2 action being inhibited  (Havis et al. 

2006).  

D3 downregulation is a normal process in the amphibian tail resorption in 

the last stages of the metamorphic process, while D2 is up-regulated in 

order to increase T4 to T3 conversion in the cells (Wang et al. 1993, Cai et 

al. 2004). This D2/D3 regulation pattern corresponds to the increasing 

serum T4 as the developing tadpole approaches metamorphic climax 

(Brown 2005). X. laevis tail D3 expression is rapidly induced by local T3 

levels, suggesting that D3 is directly regulated by available TH hormone 
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levels (St Germain et al. 1994). This process ‘protects’ the tail from 

initiating genetic responses that would resorb it before metamorphic climax 

(Brown 2005). In light of this, results of the present study could indicate a 

lower serum T4 level in PrP treated tadpoles, associated with a decreased 

dio3 mRNA expression. This would also correspond to an epidemiological 

study by Koeppe et al. (2013), who found a reverse correlation of human 

urinary paraben concentrations and serum TH levels.  

A presently uncharted mechanism could be responsible for the 

downregulation of D3. Huang et al. (2005) has reported that transforming 

growth factor β (TGFβ) is an inducer of dio3 transcription, possibly linking 

D3 levels to other growth and cell differentiation mechanisms. However, 

the biological outcome of D3 downregulation in the tadpoles was not 

enough to produce any adverse effects in the apical endpoints. Histological 

evaluation of the thyroid gland could clarify whether the thyroid gland has 

become enlarged as a compensatory mechanism to the suspected decrease 

of serum T4.  

ttr mRNA levels was found to be reduced in liver tissue due to PrP 

administration in the present study. Ttr is mainly produced in the 

amphibian liver during metamorphosis, and serum Ttr levels in X. laevis 

are known to increase as metamorphosis progresses and declines at the 

completion of metamorphosis (Yamauchi et al. 2009). ttr seems not to be 

expressed in adult X laevis liver tissue (Prapunpoj et al. 2000). The 

estrogenic compound ethinyl estradiol (EE2) has been shown to 

significantly downregulate ttr in liver tissues of both male and female X. 

laevis tadpoles (Urbatzka et al. 2007). The ttr downregulation observed in 

the present study might indicate that PrP produces xenoestrogenic effects in 

X. tropicalis tadpoles. Flood et al. (2014) showed how the known thyroid 

disruptor perchlorate had an effect on both androgen-related and thyroid 

related genes in developing X. tropicalis tadpoles. This could indicate some 
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form of “cross-talk” between the thyroid and sex endocrine system (Flood 

et al. 2014). The connection between thyroid hormones and male gonadal 

activity has been discussed for some time, interestingly there has been 

claim of how regulation of the male testicular Sertoli cells are connected to 

TH and light exposure, thus influencing seasonal spawning timing and 

behavior (Jannini et al. 1995). 

Suspected modes of action of PrP could include some kind of interaction 

with the TRH regulation in the brain. It has been speculated that 

methylparaben antagonizes the stimulatory action of lithium on the 

pituitary TSH release mechanism, thus influencing serum TH levels to 

decrease (Jaffer et al. 1993). However, the TRH system is replaced by CRH 

in amphibians, which perhaps rules out this particular toxic mechanism the 

present study (Kloas et al. 2006). 

The MiSSE-project, which this study has been part of, aims to test 

suspected TDCs found in indoor dust of Swedish households, individually 

and in mixture. Blood serum concentrations of TDCs in indoor cats is used 

as a biomarker for exposure in the indoor environment (Norrgran et al. 

2015). The ultimate goal will be to test mixture effects of TDCs on the X. 

tropicalis in vivo assay presented in this study. Successful experimental 

design of mixture effect studies is a current challenge in the endocrine 

disruption research field (Kortenkamp 2007). Data from single exposure 

studies of suspected TDCs found in indoor dust will subsequently be used 

for designing the mixture exposure studies.  

In conclusion this study has classified PrP as an unclear, but suspected, 

thyroid disruptor. The general development rate and growth endpoints of 

metamorphosing X. tropicalis tadpoles were not affected by the 

concentrations of PrP used in the exposure study. On the other hand, the 

PrP exposed tadpoles had downregulated hepatic ttr, suggesting an impact 

on the normal thyroid hormone axis. This effect could be a sign of a low 
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key compensatory mechanism, due to changes in the serum T4 homeostasis. 

Additional molecular endpoints (i.e. hepatic and tail tissue trbβ expression 

levels) and evaluation of thyroid gland histological samples could bring 

clarity on the thyroid disruption potency of PrP. 
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